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Abstract 
Zebrafish embryo-larvae was used as a model to study the responses of biomarker 
gene expression to pesticides. The biomarkers selected include the biotransformation phase I 
cytochrome P450 (CYP) enzymes, CYPIA and 3A65, enzymes for the antioxidant defense 
system pi-class glutathione S-transferase (GST) and catalase (CAT), the multiple drug 
resistance gene (MDRl) which encodes P-glycoprotein and the yolk precursor protein 
vitellogenin (VTGl) which is an in vivo biomarkers for estrogenicity in oviparous 
vertebrates. Inhibition of acetylcholinesterase (AChE) activity was also used as a biomarker 
of effects to organophosphate and carbamate pesticides. 
To obtain preliminary data for exposure tests, 96h median Effective Concentration 
(EC50) (hatching rate) and 96h median Lethal Concentration (LC50) values of different 
pesticides for zebrafish embryo-larvae were determined. The 96h-EC50 values of heptachlor, 
methoxychlor, endosulfan, chlorpyrifos, aldicarb, cypermethrin and bisphenol-A for 
zebrafish embryos were 5.90 mg/L, 1.66 mg/L, 5.11 mg/L, 9.62 mg/L, 7.66 mg./L, 0.66 
mg/L and 5.25 mg/L respectively; whereas their 96h-LC50 values for zebrafish larvae were 
1.74 mg/L, 1.59 mg/L, 0.24 mg/L, 3.05 mg/L, 2.33 mg/L, 0.15 mg/L and 8.04 mg/L 
respectively. 
Quantitative Polymerase Chain Reaction (qPCR) was then used to study the gene 
expression levels of those selected biomarkers in zebrafish embryo-larvae after 96-hour 
exposure to 10%, 25%, 50% and 75% of the EC50 (for embryos) and LC50 (for larvae) 
values of different pesticides. In addition to qPCR, the measurement of the 
acetylcholinsterase activity was performed to study the effect of organophosphate and 
carbamate pesticides on AChE activity. Our results indicated that VTGl induction in 
immature zebrafish was a sensitive biomarker to screen and study the estrogenicity of 
potential xenoestrogens. Heptachlor, methoxychlor and endosulfan were found to have 
estrogenic effects on zebrafish embryo-larvae. Inductions of CAT and GST demonstrated 
oxidative-stress-inducting potential of chlorpyrifos and cypermethrin. Moreover, exposure to 
chlorpyrifos and aldicarb significantly inhibited AChE activity in both embryos and larvae, 
indicating their neurotoxic effects on zebrafish embryo-larvae. 
From the quantification of the expression of biomarker genes, no observed effect 
concentration (NOEC) and lowest observed effect concentration (LOEC) for different 
pesticides were estimated. The NOECs of bisphenol A, heptachlor, methoxychlor and 
endosulfan for VTGl induction in embryos were determined to be 2.62 mg/L, 2.95 mg/L, 
0.83 mg/L and 1.28 mg/L respectively; whereas their LOECs were 3.93 mg/L, 4.43 mg/L, 
1.25 mg/L and 2.55 mg/L respectively. The NOEC values of heptachlor, methoxychlor and 
endosulfan for CYP3A65 induction in larvae were 0.87 mg/L, 0.79 mg/L and 0.06 mg/L 
respectively; whereas the LOEC values were 1.3 mg/L, 1.19 mg/L and 0.12 mg/L 
respectively. The NOEC and LOEC values for MDRl expression of bisphenol-A, heptachlor 
and methoxychlor in larvae were 2.01 mg/L, 0.43 mg/L and 0.4 mg/L respectively; whereas 
LOECs were 4.02 mg/L, 0.87 mg/L and 0.79 mg/L respectively. In addition to 
organochlorine pesticides, the NOEC values of chlorpyrifos, aldicarb and cypermethrin for 
CAT induction in larvae were 1.53 mg/L, 0.23 mg/L and 0.08 mg/L while their LOEC values 
were 2.29 mg/L, 0.58 mg/L and 0.11 mg/L respectively. 
The NOEC and LOEC values obtained will be useful for the control of the release of 
pesticides in the aquatic environment. Understanding the effects of pesticides on zebrafish 
not only allows us to know more about the potential hazards on aquatic organisms but also 













5.90 mg/L, 1.66 mg/L, 5.11 mg/L, 9.62 mg/L, 7.66 mg./L, 0.66 mg/L and 5.25 mg/L，而它們的 
對斑馬魚幼苗的96小時致死濃度量分別爲1.74 mg/L, 1.59 mg/L, 0.24 mg/L, 3.05 mg/L, 
















分別爲2.62 mg/L, 2.95 mg/L, 0.83 mg/L和1.28 mg/L ’而它們的觀察到的最低影響濃度 
分別爲3.93 mg/L, 4.43 mg/L, 1.25 mg/L和155 mg/L�除此之外，七氯，甲氧氯和硫丹在 
幼魚中細胞色素P450酶（CYP3A65)基因表達的沒被觀察到影響的濃度分別爲0.87 
mg/L, 0.79 mg/L和0.06 mg/L，而它們的觀察到的超低影響濃度分別爲1.3 mg/L, 1.19 
mg/L和0.12 mg/L�另外,我們亦找出多藥物抗性(MDR)基因表達的被觀察到影響的濃 
度和觀察到的超低影響濃度。雙酣A，七氯，甲氧氯在幼魚中多藥物抗性（MDR)基因 
表達的沒被觀察到影響的濃度分別爲2.01 mg/L, 0.43 mg/L和0.4 mg/L，而它們的觀察 
到的超低影響濃度分別爲4.02 mg/L, 0.87 mg/L和0.79 mg/L�除了有機氯殺蟲劑，毒死 
蜱，涕滅威，合成除蟲菊醋在幼苗中過氧化氫酶（CAT)基因表達的沒被觀察到影響的 
濃度分別爲1.53 mg/L, 0.23 mg/L和0.08 mg/L，而它們的觀察到的最低影響濃度分別爲 
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1.1 Pesticide contaminations in the environment 
Pesticide contamination of waters from agriculture and other sectors including 
urban runoff is a worldwide problem. A large number of pesticides have been developed 
and the substantial and continuous usage of these compounds causes concern over their 
toxicity and persistence in the environment, especially aquatic systems. Although these 
pesticides are very effective for pest control, they can cause serious aquatic pollution and 
severe harm to animals and human if they are used improperly. Estrogenic compounds 
like organochlorine (OC) pesticides as environmental pollutants have become a major 
issue since early reports on the feminization of wildlife (Colborn, 1995; Sheahan et al., 
2002). Also, organophosphate (OP) pesticides have been detected in rivers, seawater, and 
sediments (Comoretto et al, 2007; Kumari et al, 2008; Zhang et al., 2002) since they 
have been widely and continuously used due to their low environmental persistence. 
Therefore, the potential risks of various pesticides to organisms and the environment 
should not be overlooked. 
1.2 Pesticides 
1.2.1 Usage of pesticide in the world 
Pesticides include insecticides, herbicides, fungicides, rodenticides and various 
other substances used to control pests (Figure 1). Any substance or mixture of substances 
intended for preventing, destroying, repelling or mitigating any pests is considered to be a 
pesticide (AFCD, 2006). Pesticides are used widely in many different sectors, including 
agriculture, public health, wood preservatives, anti-fouling paints and household products. 
In 2001，more than 5.0 billion pounds pesticides were used. Herbicides accounted for the 
largest portion of total use, followed by other pesticides, insecticides, and fungicides 
(USEPA, 2001). 
6000 
Herbic ides Insect ic ides Fungic ides Other 
Pesticide Type 
Total 
Figure 1 World and U.S. Pesticide Amounts of Active Ingredient at User Level by 
pesticides types, 2001 estimates (USEPA, 2001). 
Since early 1980, pesticide use has increased dramatically in China (Matthews, 
1996). In 1999, there are about 6.32 thousand tones of pesticides used in Jiulong River 
Watershed which is one of the most important agricultural areas in Fujian (Zhang et al, 
2002). Official statistics indicated that about seven percent of China's cropland had been 
polluted due to improper use of pesticides and fertilizers (Anon, 2004). Agricultural 
runoff is also becoming a major pollutant of rivers and coastal areas. In an urbanized city 
like Hong Kong, the high population density provides an idea丨 condition for rapid 
expansion of pests (AFCD, 2006). In order to control these pests, pesticides are widely 
used in homes, offices, parks, factories, schools, hospitals, restaurants and public 
transportation. 
Pesticides can be classified according to their chemical structures. They can be 
classified as organochlorine pesticides, organophosphate pesticides, carbamate pesticides 
and pyrethroid pesticides. The following sections briefly review their usage, properties, 
and environmental impacts one by one. 
1.2.2 Organochlorine (OC) pesticides 
Organochlorine pesticides are composed primarily of carbon, chlorine and 
hydrogen. They cause environmental hazards over years after use. They resist 
degradation by chemical, physical or biological means. They are persistent and have half-
lives ranging from months to years and in some cases decades (Anon, 1997). Thus, most 
of them have been phased out of usage in the United States (Yu, 2008). However, they 
are still commonly used as insecticides to protect crops, livestock, buildings and 
households from the damaging effects of insects in China. 
The most notorious organochlorine is the insecticide DDT (Dichloro diphenyl 
trichloroethane). DDT was widely used in agricultural production around the world for 
many years. The publication of Silent Spring by Rachel Carson in 1962 raised public 
awareness about the dangers of pesticides, with a specific focus on persistent 
organochlorines and DDT. DDT was banned in many countries in the 1970s in response 
to public concern and mounting scientific evidence linking DDT with damage to wildlife. 
Since then, agricultural uses of DDT have been outlawed in many parts of the world. 
OC pesticides are toxic to humans and other animals and are very highly toxic to 
most aquatic life. They build up and accumulate in the fatty tissues of humans, plants and 
animals. Most of them are attracted to fatty tissues and organs and are accumulated 
significantly in organisms like fish and higher trophic levels (Anon, 1997). OCs are 
associated with many acute and chronic illnesses. For chronic diseases, studies found a 
correlation between OC exposure and various types of cancer, neurological damage, 
Parkinson's disease and birth defects (Kanthasamy et al” 2005; Rusiecki et al., 2005; 
Rylander et al.’ 2000). Many OCs are known or potential endocrine disrupters, and recent 
studies show that extremely low levels of exposure in the womb can cause irreversible 
damage to the reproductive and immune systems of the developing fetus. 
1.2.3 Organophosphate (OP) pesticides 
Organophosphate insecticides have been widely used for a few decades, the 
United States alone makes 60,000 tons a year (ETOM, 1974). Malathion was the most 
commonly used organophosphate insecticide active ingredient in all market sectors of the 
United States in 2001 with a range between 23 and 32 millions of pounds active 
ingredient while chlorpyrifos was second with a range between 11 and 16 millions 
pounds of active ingredient (Table 1) (USEPA, 2001). 
Table 1 Most Commonly Used Organophosphate Insecticide, Active Ingredients, All 
Market Sectors, 2001 Estimates (USEPA, 2001). 
Active ingredient Rank Range (millions of pounds of active ingredient) 
Malathion 1 23-32 
Chlorpyrifos 2 11-16 
Diazinon 3 4-7 
Terbufos 4 3-5 
Acephate 5 2-3 
Phorate 6 2-3 
Methyl Parathion 7 1-3 
Phosmet 8 1-2 
Azinphos-Methyl 9 1-2 
Dimethoate 10 1-2 
Most organophosphates are a highly toxic and large class of insecticides (Yu, 
2008). They were developed during the early 19th century, but their effects on insects, 
which are similar to their effects on humans, were discovered in 1932. Unlike OCs, they 
are less persistent in the environment. They degrade rapidly by hydrolysis on exposure to 
sunlight, air, and soil. Their ability to degrade made them an attractive alternative to the 
persistent OC pesticides, such as DDT, aldrin and dieldrin (Costa, 2006). Many OP 
pesticides such as chlorpyrifos and malathion can be used as outdoor residual sprays for 
mosquito control (AFCD, 2006). 
Although organophosphates degrade faster than the organochiorines, they have 
greater acute toxicity. They cause acute toxicity by irreversibly inactivating 
acetylcholinesterase, which is essential to nerve function in insects, mammals and 
humans. Many organophosphates, in particular chlorpyrifos, are highly toxic to fish. It is 
necessary to exercise extreme care and caution not to contaminate fish bearing water 
bodies (AFCD, 2006). 
1.2.4 Carbamate pesticides 
Carbamates are esters of carbarnic acid which are effective insecticides by 
inhibiting acetylcholinesterase (AChE) in the nervous system. Besides, they can also 
inhibit other esterases. The carbamylation of the enzyme is unstable, and the regeneration 
of AChE is relatively rapid compared with that from a phosphorylated enzyme. Therefore, 
carbamate pesticides are less dangerous with regard to human exposure than 
organophosphorus pesticides (IPCS, 1986). However, some carbamates can be highly 
toxic for invertebrates and fish. In certain cases, the use of toxic carbamates may cause a 
significant reduction in non-target organisms. 
1.2.5 Pyrethroid pesticides 
Natural Pyrethrins are botanical insecticides made from extracts of 
chrysanthemum flowers while pyrethroids such as cypermethrin, permethrin and 
cyfluthrin are its synthetic chemical analogues. Pyrethroids are broad-spectrum contact 
insecticides that provide rapid knockdown effects on insects but with only little residual 
activity. To increase their effectiveness, a synergist - piperonyl butoxide (PBO) is often 
added to the formulations. Generally, prethroid pestcides are toxic to fish and other 
aquatic organisms and thus they must be used carefully so as not to contaminate the 
aquatic environment (AFCD, 2006). 
1.3 Toxicological model: Zebrafish 
Zebrafish {Danio rerio) is used as a prominent model vertebrate in a variety of 
biological disciplines. A large amount of information gathered from developmental and 
genetic research, together with near-completion of the zebrafish genome project, has 
made zebrafish an attractive model for toxicological research (Hill et aL, 2005). Previous 
studies confirmed that mammalian and zebrafish toxicity profiles are very similar and the 
use of zebrafish as a model organism for assessing chemical toxicity and safety is 
increasing (Scholz et al” 2008). Much information is known for zebrafish, including 
genomic data, morphological, biochemical, and physiological information at all stages of 
early development as well as juveniles and adults of both sexes. The main benefits of 
using zebrafish as a toxicological model over other vertebrate species include their size, 
husbandry, and early morphology. 
Zebrafish offer various experimental advantages, including convenient drug 
delivery and low cost (McGrath and Li, 2008). Adult zebrafish can produce large number 
of translucent embryos every week by external fertilization, and the embryogenesis is 
well characterized (Hisaoka and Battle, 1958; Lele and Krone, 1996). Hence, it can 
provide an easy observation to study the effects of tested chemicals on the embryos. The 
embryonic and/or larval periods have consistently been shown to be the most sensitive 
life stage of a variety of fish species to chemical stressors (McKim, 1985). The early life 
stage (ELS) test using zebrfish embryos is currently one of the most widely used 
biomarker tools for investigating detrimental effects of aquatic pollutants in fish because 
of its relative simplicity and rapidity (Hallare et al., 2005). 
In nature, organisms are generally exposed to sublethal concentrations that can 
affect their behavior, growth and reproduction. Zebrafish embryos develop most of the 
major organ system present in mammals, including cardiovascular, nervous and digestive 
systems in less than 1 week. The ability to culture large numbers of zebrafish embryos 
and larvae in small volumes of media also facilitates rapid testing of compounds for 
toxicity with the use of a minimal amount of compound (Peterson et al” 2000). 
Figure 2 Zebrafish {Danio rerio) in the aquarium of our aquatic toxicology laboratory in 
Centralized Science Laboratory Building (taken on 7th April, 2009) 
1.4 Biomarkers 
Traditionally, chemical analysis was the principal and sole approach in assessing 
environmental impacts and setting water quality standards (Hallare et al” 2005; Kohler et 
al., 2007). It measures ambient contaminant concentrations to assess the pollution level 
(Hallare et al., 2005). Nevertheless, chemical analysis does not show the bioavailability 
of environmental pollutants and thus little information can be provided on the potential or 
actual biological effects or environmental damages caused by the contaminants (Fisher 
and Hook, 2002; Hahn, 2002; Hook and Fisher, 2001; Yoder and Rankin, 1998). Using 
the water quality parameters collected merely from chemical analysis to portray the 
biological and ecological condition of the aquatic systems, in many cases, inaccurate 
predication resulted (Adams, 2002). 
Chemical analysis may also overestimate the possible biological consequences by 
the pollution. Yoder and Rankin (1990) reported that, in some cases, bioindicators 
revealed full attainment of the river or steam segments which exceeded the observed 
chemical water quality criteria. Chemical analysis neglects different levels of ecological 
potential or endpoints and is unable to incorporate the background variability in a 
complex condition of the environment (Yoder and Rankin, 1998). Exposures to pollutants 
cause measurable and sub-lethal physiological changes. Measurements in individuals of 
molecular, biochemical, or physiological parameters, are known as biomarkers (Jamil, 
2001). Biomarkers are more precise indicators of subletahl effects in aquatic organisms 
and the environment than chemical analysis (Hallare et al., 2005). 
Biomarkers have been defined by the US National Research Council as 
'xenobiotically-induced variations in cellular or biochemical components or processes, 
structures, or functions that are measurable in a biological system or sample'. They are 
classified as markers of exposure to a toxicant, markers of effects of exposure and 
markers of susceptibility to the effects of exposure. The use of biomarkers in 
environmental pollution assessment enables monitoring of stress responses ranging from 
the biochemical to the population and community levels (Lagadic et al., 1994). 
Biomarkers can indicate early biological changes caused by environmental 
pollution (Cajaraville et al., 2000) and provide more information on sub-lethal biological 
effects compared with the acute effects shown in toxicity tests. 
Several biomarkers were chosen for evaluating the effects of pesticides on 
zebrafish embryo-larvae in this project. They include the biotransformation phase I 
cytochrome P450 (CYP) enzymes, CYPlAl and 3A65; enzymes for the antioxidant 
defense system glutathione S-transferase (GST) and catalase (CAT); and also the yolk 
precursor protein vitellogenin (VTGl) which is an in vivo biomarker for estrogenicity in 
oviparous vertebrates, such as zebrafish. Also, inhibition of acetylcholinesterase (AChE) 
activity was used as a biomarker of organophosphate pesticide exposure and 
physiological effects in exposed animals. There is an increasing interest in a class of 
proteins know as P-glycoproteins (p-gps) which are membrane-spanning proteins from 
the ATP-binding cassette (ABC) family. The Multiple drug resistance gene (MDRl) is 
the gene which encodes P-glycoproteins (Synold et al., 2001) that can pump molecules 
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out of cells by an ATP-dependent removal mechanism (Germann and Chambers, 1998). 
They are extremely important in regulating a wide range of xenobiotics including 
pesticides. Table 2 summarizes the selected biomarkers for studying the effects of 
pesticides and their respective functions in this project. 
Table 2 Selected Biomarkers and their functions 
Type of Biomarker Name of Biomarker Biological function 
Cytochrome P450 Cytochrome P450 lA (CYPlAl) Metabolism organic 
compounds and steroid 
hormones 
Cytochrome P450 Cytochrome P450 3A (CYP3A65) 
Estrogenic effect Vitellogenin (VTGl) Vitellogenisis 
Membrane transport of 
hydrophobic substances 
Multiple drug resistance 
(MDR) or known as P-
glycoprotein 
Xenobiotic removal from 
cells for detoxification 
Oxidative stress Glutathion S-transferase (GST) 
Conjugation of GSH with 
different electrophilic 
compounds 
Oxidative stress Catalase (CAT) 
Decomposition of hydrogen 
peroxide 
Neurotoxicity Acetacho 1 inesterase (AChE) Breakdown of acetylcholine 
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1.4.1 Cytochrome P450 lA (CYPIA) 
Cytochrome P450 monooxygenases (CYP or P450s) are a superfamily of heme-
containing enzymes and biotransformation phase I enzymes. They oxidize, hydrolyze or 
reduce compounds by adding an atom of atmospheric oxygen to the substrate during the 
reaction cycle (Nelson et al., 1996). In fish, these enzymes are mainly concentrated in the 
liver but also present in the kidney, gastrointestinal tract and gill tissue (Varanasi, 1989). 
CYPIA is a member of the CYPl family and it is important in the metabolism of 
environmental xenobiotics. It can metabolize polycyclic aromatic hydrocarbon PAHs 
either through detoxification or bioactivation. It can be induced by xenobiotics such as 
PAHs, PCB and TCDD. Its induction is mediated through the binding of a ligand to the 
Aryl hydrocarbon receptor (AhR). 
The aryl hydrocarbon receptor (AHR) is a ligand-activated, helix-loop-helix Per-
ARNT-Sim (bHLH-PAS) transcription factor. It binds to different xenobiotic substances, 
including dioxins, related planar aromatic hydrocarbons such as PCBs and some 
polycyclic aromatic hydrocarbons (PAHs) and its role in regulating genes encoding 
biotransformation enzymes is well known (Figure 3). Upon the binding of the ligand, the 
AhR forms a transcription factor complex with an aryl hydrocarbon nuclear translocator 
protein (ARNT) to enter the nucleus. This heterodimer recognizes specific DNA 
sequences, dioxin responsive elements (DRE), and leads to the induction of several target 
genes, including the CYPIA. 
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Translation, 
Figure 3 Proposed mechanism of AhR-mediated toxicity (modified from 
http://www.cerc.usgs.gov/pubs/BEST/EROD.pdf) 
CYPIA activities can be inhibited by many compounds. Organophosphates can inhibit 
CYPIA activity in chub {Leuciscus cephalus) (Devaux et al., 1998). One study reported 
that CYPIA protein expression was significantly (P<0.05) suppressed in salmon liver 
after chlorpyrifos (7.3 ug/L) treatment (Wheelock et al, 2005). Also, PCBs, ketoconazle 
and other fungicides can inhibit CYPIA activity. 
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1.4.2 Cytochrome P450 3A65 (CYP3A65) 
CYP3A metabolizes nearly 50% of all drugs in humans (Rubinstein, 2006). In 
fish, members of the CYP2 and CYP3A families play a major role in the metabolism of 
xenobiotics and endogenous compounds, including steroids (Thibaut et al.’ 2002). 
Similar to mammals, fish CYP3A genes were expressed primarily in the liver and 
intestine (Kullman and Hinton, 2001). In zebrafish, a CYP3A i so form has been identified 
as CYP3A65 (Tseng et al., 2005). Exposure to p，p，-DDE and dieldrin which are 
organochlorine pesticides increased the expression of hepatic CYP3A68 in largemouth 
bass (Barber et al, 2007). Methoxychlor (MXC) increased the apoprotein level of 
CYP3A2 in male and female Wistar rats (Oropeza-Hernandez et al., 2003). CYP3A has 
been shown to be induced by MXC in rat through the pregnane-X-receptor (PXR) 
(Mikamo et al., 2003). PXR-like gene was recently found in the zebrafish genome. 
Similar to mammalian PXR, the ligand-binding domain of zebrafish PXR was sensitive 
to a board range of xenobiotics and steroids in vitro (Moore et al., 2002). 
Pesticides like p,p，-DDE and dieldrin were shown to induce CYP3A expression in 
mammals by activation of the constitutive androstane receptor (CAR) and the PXR 
nuclear receptors (Barber et al” 2007). Short term treatment with DDE induced PXR and 
CYP3A expression in the liver of juvenile Atlantic salmon (Mortensen and Arukwe, 
2006). Therefore, we may conclude that PXR activation is a possible mechanism for the 
induction of CYP3A caused by OC pesticides in fish. One possible mechanism of PXR-
mediated CYP3A65 transcription induced by the OC pesticide methoxychlor is shown in 
Figure 4. However, MXC may also act on other protein factors to activate PXR. 
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^XR J pregnane-X-receptor 
逸 r CYP3A65 
Figure 4 Possible mechanism of PXR-mediated CYP3A65 transcription induced by 
methoxychlor, MXC (modified from Mikamo et al., 2003) 
1.4.3 Bioitiarker for estrogenicity - Vitellogenin (VTGl) 
The gene expression of hepatic vitellogenin (VTG) or the occurance of protein in 
the plasma of male juvenile fish is widely used as a biomarker for exposure to estrogens 
and xenoestrogens (Sumpter and Jobling, 1995). The U.S. Environmental Protection 
Agency (USEPA) and Organization for Economic Cooperation and Development (OECD) 
are developing test guidelines to evaluate the endocrine-disrupting capacity of chemicals 
which includes the VTG measurements in different types of fishes, including Japanese 
medaka (Otyzias latipes) and zebrafish (Danio rerio) (OECD, 1998). OECD proposed 
zebrafish, Japanese medaka, and fathead minnow as model organisms using vitellogenin， 
sex ratio and gonad morphology as endpoints to assess the risks of endocrine disrupting 
chemicals (EDCs) (Ankley and Johnson, 2004). 
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VTG is a yolk precursor protein in oviparous vertebrates like zebrafish. The 
natural inducer of hepatic VTG is estradiol-17p (E2). Vitellogenesis is the process 
whereby the yolk precursor protein VTG is produced in the liver in response to E2 from 
the gonad. VTG is secreted by the liver hepatocytes and transported through the blood to 
the ovary where it is taken up into the maturing oocytes (Ng and Ider, 1983). 
VTG can also be synthesized in the hepatocytes in response to the activation of 
estrogen receptor by other estrogenic compounds, such as endosulfan and bispheniol-A 
(BPA) (Mommsen and Walsh, 1998). It was reported that BPA (2280 ug/L and 3420 















to ovary as egg 
yolk protein 
Figure 5 Estrogen receptor-mediated VTG induction by xeno-estrogen (modified from 
http://www.cosmobio.co.jp/export_e/products/elisa/products_KYK_20050412.asp) 
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Since the production of VTG is estrogen-dependent, it is restricted to females and 
little if any VTG can be detected in male or sexually immature females. Males do carry 
the VTG gene and exposure to estrogens or xeno-estrogens can trigger its expression. 
Significant increase was noted in VTG production of the male adult zebrafish exposed to 
methoxychlor for 14 days (Versonnen et aL, 2004). Therefore, VTG induction in male 
and immature fish has become a useful biomarker for identifying estrogenic 
contamination of endocrine disrupting compounds in the aquatic environment. Previous 
studies have shown that male organisms of egg laying vertebrates, exposed to estrogenic 
compounds, synthesize this protein in substantial amounts in contrast to unexposed 
controls (Bowman et aL, 2000; Funkenstein et aL, 2000). 
Enzyme-linked-immuno-sorbent assay (ELISA) is often used to detect estrogenic 
activity in fish using VTG for many fish species including medaka, zebrafish, trout, 
striped bass, etc (Holbech et al.’ 2001; Nilsen et al., 2004). A study compared medaka 
and zebrafish for their sensitivity to synthetic estrogen and anabolic androgen using these 
three criteria and found that zebrafish is more sensitive than medaka as little as 10 ng/L 
(ppt) of EE2 (17a-ethinylestradiol) increased VTG ferminized zebrafish (Om et al.’ 
2006). Using male gonad development in zebrafish as a toxicological endpoint, 3 |ig/L of 
EE2, was able to induce arrest of male gonad development (Fenske et al., 2005). Tong et 
al reported hepatic VTG mRNA as measured by qPCR, was induced by 1 ug/L natural 
estrogen (E2, 17p-estradiol) in zebrafish and 0.1 ).ig/L in medaka using 2-day exposure 
test. There are three VTG genes in the zebrafish genome and VTGl is the most abundant 
form with 100 fold higher expression than VTG2 and 3 (Wang et al,, 2005). 
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1.4.4 Catalase (CAT) and Glutathione S-transferase (GST) 
Many xenobiotics, such as pesticides, may cause oxidative stress leading to the 
generation of reactive oxygen species (ROS) and alternations in antioxidants or free 
oxygen radicals scavenging enzyme systems in aquatic organisms (Livingstone, 2001). It 
has been reported that OPs, in addition to inhibitory effects on AChE, also induce 
oxidative stress (Hai et al.’ 1997; Yarsan et al., 1999). Reactive oxygen species (ROS) 
can react with susceptible biological macromolecules and produce lipid peroxidation, 
DNA damage and protein oxidation, resulting in oxidative stress (Livingstone et al., 
1993). Like other organisms, fish combat elevated levels of ROS with protective ROS-
scavenging enzymes, such as superoxide dismutase (SOD) and catalase (CAT) that 
convert the superoxide anions into H2O2 and further into H2O and O2, respectively. Fish 
combat elevated ROS with protective ROS-scavenging enzymes, such as catalase and pi-
class Glutathione S-transferase (GST). Irreversible cellular damage and death can resulte 
when these enzymes are overwhelmed by excessive ROS production. 
1.4.4.1 Catalase (CAT) 
Catalase is present in the peroxisomes of nearly all aerobic cells. It protects the 
cell from the toxic effects of hydrogen peroxide by catalyzing its decomposition into 
molecular oxygen and water. The CAT system has been proposed to be a biomarker to 
reflect ROS production (Oost, 2003). For example, siginificant increase of the CAT 
activity occurred in the tissue of adult catfish upon treatment with dichlorvos (Hai et al., 
1997). The catalase activities were reduced in aldicarb treated mice compared with 
control (Yarsan et al., 1999). CAT activities in the liver of tilapia and common carp 
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exposed to cypermethrin were also increased significantly (Uner et al., 2001). The CAT 
activity in the tissues of freshwater characid fish was increased after 96h exposure to 
methyl parathion (an OP) (Monteiro et al” 2006) 
1.4.4.2 Glutathione S-transferase (GST) 
GST is a multigene family of detoxification enzymes that catalyze the conjugation 
of GSH with different endogenous and exogenous electrophilic compounds (Hayes and 
Pulford, 1995). In mammals, pi class GSTs are the most abundant GST family found in 
many normal and maligant tissues (Hayes and Pulford, 1995). GST can be a biomarker 
for assessing the environmental impact of organic xenobiotics which can cause oxidative 
stress (Livingstone, 1998). A significant increase (p < 0.01) was observed in the activities 
of GST in liver and kidney of deltamethrin exposed adult Bloch (Sayeed et al., 2003). 
The transcription factor Nrf2 (NF-E2 p45-related factor) mediates the induction of 
GST in both mammals and fish (Suzuki et al., 2005). The expression of Pi class GST 
genes can be induced by exposure to electrophiles and recative oxygen species. Nrf2 
forms a heterodimer with a small Maf protein and binds to its antioxidant responsive 
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Figure 6 Regulation of GST expression by Nrf2 (Modified from http://mol-
devserver.tara.tsukuba.acjp/official/Project_Introduction/E_Nrf2j3roject.html) 
1.4.5 Multiple Drug Resistance (MDR-1) 
MDR-1 belongs to a family of transporters known as ABC transporters, ABC 
stand for ATP-Binding Cassette, and they are active transporters for hydrophobic 
chemical removal (Ambudkar et al, 1999; Klein et al.’ 1999). Two isoforms of these 
transporters, also known as P-glycoprotein，are found in many organisms including fish 
(Chan et al” 1992) with the MDR-1 mainly responsible for drug removal and resistance. 
Another subtype for non-MDR phenotypes is MDR-2 but it is less studied. Recently, 
many other MDR-associated proteins (mrp) have been found in animal tissues (Bates et 
al” 2001; Nishimura et al, 2008). The non-MDR subtype is related to phospholipid 
transport or biliary lipid excretion (Ambudkar et al., 1999; Schmitt and Tampe, 2002). 
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The MDR or P-gp genes are controlled by the PXR pathway (Figure 4; Mikamo et 
al.’ 2003) which can be activated by many structurally diverse compounds, like 
pregnanes, bile acids, steroids, prescription drugs and other xenobiotics, to induce the 
expression of genes involved in the metabolism, transport, and elimination of endo and 
xenobiotics (Ekins et al.’ 2002). Previous studies involving cloning of the mouse PXR 
(Kliewer et al, 1998) and the identification of human PXR (Lehmann et al, 1998) 
strongly indicated that PXR contributes in the regulation of CYP3A and the MDRl genes 
in mammals (Schuetz et al.’ 1996). A xenobiotic compound, pregnenolone 16-
carbonnitrile (PCN) was shown to induce PXR, CYP3A and MDRl in the liver of 
zebrafish (Bresolin et al, 2005). This result indicates that a similar mechanism may be 
also present in zebrafish embryo-larvae. Hydrophobic compounds may induce two 
systems simultaneously in Xenopus and fish (Bard et al.’ 2002; Colombo et al., 2003). In 
some cases, pesticides were found to inhibit the protein levels of MDR-1 and some 
MXR-inhibitors exist in polluted environment leading to accumulation of hydrophobic 
chemicals in animals exposed to such environment (Smital and Kurelec., 1998; Sturm et 
al, 2001; Smital et al, 2004). 
1.4.6 Acetylcholinesterase (AChE) 
Acetylcholinesterase is an important enzyme which regulates the effects of 
acetylcholine at the cholinergic synapses by catalyzing the breakdown of acetylcholine. 
AChE 
Acfiitylcholine <• • • • • • • • • •> choline + acetate 
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In addition to AChE in brain，fish plasma RBCs and muscle tissues also contain AChE. 
Acetylcholinesterase (AChE) inhibition in organisms is widely used as a specific 
biomarker for exposure to both organophosphate (OP) and carbamate insecticides. 
The mechanism of toxic action of OP insecticides, or their metabolites in the case 
of those requiring bioactivation, is based on the irreversible inhibition of AChE (Carr et 
al., 2001). Accumulation of acetylcholine in synapses, arising as a consequence of the 
inhibition of AChE, leads to an overstimulation of neurotransmission followed by 
paralysis and eventual death. At sub-lethal exposures, such toxic compounds may cause 
impairment of multiple functions, such as respiration (Pavlov et al., 1992) and 
reproduction (Bhattacharya et al., 1993). Figure 7 shows one of the examples of AChE 
inhibition by OP pesticides, chlorpyrifos. Significant decrease in acetylcholinsterase 
activities was found in tissues of juvenile Chinook salmon after exposure to 7.3 ug/L 
chlorpyrifos (Wheelock et al., 2005). The OP chlorpyrifos is converted by CYP to the 
active oxon form, which in turn causes esterase inhibition. The enzyme undergoes two 
different pathways after inhibition. The first is regeneration, where the enzyme regains 
catalytic activity, and the second one is aging, in which the catalytic activity is lost 
(Wheelock et al” 2005). Carbamates affect the neurotransmission in a similar way to the 
OP pesticide except that carbamate pesticides carbamylate AChE whereas the OP 
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1.5 Objectives of this study 
Adverse effects which could be attributed to chemicals studied usually first with 
toxicity testing. For fish, the hazard assessment of chemicals is according to and based on 
international standards (International standard Organization -ISO) and OECD guidelines 
with global toxicity endpoints such as mortality. The OECD provides guidelines on 
different types of testing, including short-term study of developmental life stages of fish, 
embryo and pro-larvae (Guideline 212). The toxic effects of chemicals can be assessed 
through the analysis of various sub-lethal endpoints, including hatching (rate and time) 
and pro-larval morphology (length, weight and abnormality) (OECD, 1998). By setting 
different lethal or sub-lethal endpoints, median Effective Concentration (EC50) and 
median Lethal Concentration (LC50)s that affect 50% of the population can be 
determined. 
We can also determine Lowest Observed Effect Concentration (LOEC) and No 
Observed Effect Concentration (NOEC) to assess the risk of a chemical. LOEC refers to 
the lowest tested concentration of a test substance at which the substance is observed to 
have a significant effect (p < 0.05) when compared with the control (OECD, 1998) while 
NOEC is the test concentration immediately below the LOEC. These values can be used 
in the regulation of level of chemicals like pesticides in the aquatic environment. For 
instance, USEPA recommends that the level of endosulfan in rivers, lakes and streams 
should not be more than 74 ppb (74 ^g/L) (Anon, 2001) using LOEC studies. Other than 
endpoint concentrations for lethal tests, specific biomarkers for different pathways can 
also be used to determine LOEC and NOEC. 
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Understanding the effects of pesticides on zebrafish not only allows us to know 
more about the potential hazards on aquatic organisms but also gives us more insight into 
the possible impacts on humans after exposure to pesticides. The aim of this project is to 
study the effects of pesticides on biomarker gene expressions using zebrafish embryo-
larvae as a toxicological model. In this study, the 96h median Effective Concentration 
(EC50) using hatching rate as the endpoint and 96h median Lethal Concentration (LC50) 
values of different pesticides, including heptachlor, methoxychlor, endosulfan, 
chlorpyrifos, aldicarb, cypermethrin and bisphenol for zebrafish embryo-larvae were 
determined. To investigate different effects caused by pesticides, the gene expression 
levels of selected biomarkers, including CYPIA, CYP3A65, GST, CAT, VTGl and 
MDRl, in zebrafish embryo-larvae were determined using qPCR using gene-specific 
primers. NOEC and LOEC for different pesticides could be estimated from the 
quantification of the expression of biomarker transcripts. Acetylcholinsterase activity was 
measured in order to study the neurotoxicity of organophosphate and carbamate 
pesticides. Information obtained will be useful for the control of the release of pesticides 
in the aquatic environment. 
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Chapter 2 
Toxicity assay and biomarker studies on zebrafish embryo-
larvae exposed to organochlorine pesticides: endosulfan， 
heptachlor and methoxychlor 
2.1 Introduction 
Pesticide contamination of waters by agriculture and other sectors is a worldwide 
problem. Estrogenic compounds like organochlorine (OC) pesticides as environmental 
pollutants have become a major issue since early reports on the feminization of wildlife 
(Colborn, 1995; Sheahan et aL, 2002). OC pesticides are commonly used as insecticides 
They resist degradation by chemical, physical or biological means and thus they are 
persistent and may cause environmental hazards (Yu, 2008). Use of methoxychlor has 
increased since the banning of DDT in the United States in 1972. It is less 
environmentally persistent compared with DDT, having an approximate environmental 
half-life of 120 days (Augustijn-Beackers et al., 1994). Other commonly used OC 
pesticides are endosulfan and heptachlor and they are cyclodiene insecticides. Fish are 
highly sensitive to very low concentrations of endosulfan with LC50 values reported in 
parts per billion (Jonsson and Toledo, 1993). 
Heptachlor is moderately toxic and highly persistent in the environment. For 
example, heptachlor and heptachlor epoxide were found to be accumulated in Nile perch 
collected from Uganda (Ogwok et al., 2009), and pike from Norway (Sharma et al., 
2009). Exposure of heptachlor to zebrafish juveniles caused mortality and proliferation of 
gill filaments at 0.01 ug/L (ppb) (Campagna et al., 2007). 
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Biomarkers are a useful tools for biological monitoring because they detect early 
biological changes caused by environmental pollution (Cajaraville et al, 2000). It 
provides more information on sub-lethal biological effects compared to acute effects 
shown in toxicity tests. Extensive studies related to the effects of pesticides on 
biomarkers have been carried out in fish (Barber et al, 2007; Blum et al., 2008; Davis et 
al” 2009). Cytochrome P450 monooxygenases (CYP or P450s) are superfamily of heme-
containing enzymes and biotransformation phase I enzymes. They oxidize, hydrolyze or 
reduce compounds by adding an atom of atmospheric oxygen to the substrate during the 
reaction cycle (Nelson et al., 1996). CYPIA is a member of CYPl family and is 
important in the metabolism of environmental xenobiotics like polycyclic aromatic 
hydrocarbons (PAHs). Also, members of the CYP2 and CYP3A families play a major 
role in the metabolism of xenobiotics and endogenous compounds in fish (Thibaut et al., 
2002). In zebrafish, the CYP3A isoform was known to be CYP3A65 (Tseng et al., 2005). 
Vitellogenin (VTG) has been widely used as a biomarker for exposure to estrogens and 
xenoestrogens, such as OC pestcides (Sumpter and Jobling, 1995). VTG is synthesized in 
the hepatocytes in response to the activation of estrogen receptor by estrogenic 
compounds like endosulfan and BPA (Mommsen and Walsh, 1998). Recently, MDR-1 is 
also believed to be a biomarker of effects from organic pollution because MDR is related 
to the removal of organic substances from the body. 
In this study, we measured CYPIA, CYP3A65, VTGl and MDRl mRNA levels 
as biomarkers of exposure to study the effects of OC pesticides in zebrafish embryo-
larvae. 
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2.2 Materials and methods 
2.2.1 Chemicals tested 
Bisphenol-A (CAS 80-05-7) and endosulfan (CAS 115-29-7) were purchased 
from Sigma-Aldldrich. Heptachlor (CAS 76-44-8) and methoxychlor (CAS 72-43-5) 
were purchased from ChemService. 
2.2.2 Zebrafish cultivation and egg production 
A breeding stock of untreated, mature zebrafish was used for egg production. 
Female and male were kept in a glass aquarium filled with filtered tap water with 
dissolved oxygen content between 90.2% and 95.1%. The water temperature was 26士rc 
with a light: dark period of 14:10 h. The fish were fed twice a day with dry flakes 
supplemented with live brine shrimp once a day. To ensure optimal water quality, 
remaining food was removed daily. 
Embryos were obtained from spawning 6-8 groups of genitors with a male: 
female ratio of 2:1. We placed the fish in a specific spawning aquarium with a mesh 
bottom to protect the eggs from being eaten. Spawning and fertilization took place within 
30 minutes when the light was switched on in the morning. After that, embryos were 
collected from the aquarium. A single mature female lays 50-200 eggs per day. The 
embryos were observed with a dissecting microscope to select those fertilized embryos 
for the experiments. Then the embryos were rinsed with filtered water several times 
before exposure to different concentrations of chemical agents. 
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2.2.3 Determination of 96h-EC50 and 96h-LC50 of organochlorine pesticides and 
bisphenoI-A for zebrafish embryo-larvae 
For embryo toxicity tests, stock solutions of heptachlor, endosulfan, methoxychlor 
and bispehnol-A were prepared by dissolving chemicals in dimethyl-sulfoxide (DMSO) 
and methanol respectively. A solvent control and a series of test solutions were prepared 
by adding aliquots of solvent and stock solution to filtered water respectively. Freshly 
fertilized embryos were exposed to solvent control and different test concentrations and 
the hatching success was recorded after 96h exposure with 96h median Effective 
Concentration EC50 (hatching) values determined by USEPA Probit Analysis Program 
(Version 1.5). Similar methods were applied to larvae toxicity tests where post-
fertilization larvae were exposed to solvent control and different concentrations and the 
number of dead animals was recorded after 96h exposure. A 96h median Lethal 
Concentration LC50 value was determined by Probit Analysis Program. 
2.2.4 Pesticide exposure for determination of mRNA levels of biomarkers 
Freshly fertilized embryos and 96 h post-fertilization larvae were exposed to 10%, 
25%, 50% and 75% of the EC50 and LC50 values respectively. The nominal 
concentrations of tested pesticides and bisphenol-A were tabulated in Table 5 and in 
Table 6 for larvae exposure. A solvent control containing the corresponding solvent and 
filtered water was used for each exposure experiment as negative control. 
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Table 5 The 96h-EC50 values and pesticide/bisphenol-A concentration used for embryo 
exposure 
Type Name 96h-EC50 (mg/L) 
Concentrations used 
(% of 96h-EC50) (mg/L) 
10% 25% 50% 75% 
Organochlorine 
pesticide Heptachlor 5.904 0.59 1.48 2.95 4.43 
Organochlorine 
pesticide Methoxychlor 1.662 0.17 0.42 0.83 1.25 
Organochlorine 
pesticide Endosulfan 5.105 0.51 1.28 2.55 3.83 
Endocrine disrupter Bisphenol A 5.246 0.52 1.31 2.62 3.93 
Table 6 The 96-h LC50 values and pesticides/bispehnol-A concentration used for larvae 
exposure 
Type Name 96h-LC50 (mg/L) 
Concentrations used 
(% of 96h-LC50) (mg/L) 
10% 25% 50% 75% 
Organochlorine 
pesticide Heptachlor 1.738 0.17 0.43 0.87 1.30 
Organochlorine 
pesticide Methoxychlor 1.586 0.16 0.40 0.79 1.19 
Organochlorine 
pesticide Endosulfan 0.238 0.02 0.06 0.12 0.18 
Endocrine disrupter Bisphenol A 8.041 0.80 2.01 4.02 6.03 
2.2.5 Extraction of total RNA from the exposed embryo-larvae samples 
The embryos and larvae treated with pesticides were homogenized with 1 ml of 
Tri-Pure Isolation Reagent (Roche, Indianapolis, IN, USA) on ice, 200 |il of chloroform 
was added after homogenization and mixed thoroughly with the homogenate. The 
32 
mixtures were allowed to stand in room temperature for 2 mins. After centrifugation at 
12,000 Xg at 4°C for 15 min to separate the organic phase and aqueous phase, the upper 
aqueous phase was transferred into new 1.5 ml micro-centrifuges tube and then 500 jiil 
isopropanol was added to precipitate total RNA. The tubes were then centrifuged at 
12,000 Xg at 4°C for 15 min to form RNA pellets. The RNA pellets were washed with 
200 |il 75% ethanol, and air dried by the Speed Vac for about 2 min. Finally, the RNA 
pellets were dissolved in 40 |il diethylpyrocarbonate (DEPC)-treated ddH20 at 70�C for 
10 min and the dissolved RNA samples were stored at -80�C. 
Concentrations and purity of total RNA were determined spectrophotometrically 
at 260 and 280 nm using a Hitachi U-2800 Spectrophototmeter with 1-cm path quartz 
cuvette. Typical 260 nm/280 nm ratios were between 1.6 and 2.0. The RNA samples 
were stored at -80°C until use. 
2.2.6 Reverse Transcription 
First-strand complementary DNA (cDNA) was synthesized from 1 |Lig total RNA 
by reverse transcription. The procedure was carried out according to the Promega 
standard reverse transcription protocol. For each sample, RNA was heated with 2 |il of a 
50 ng/ul random primer mix at 70°C for 5 min, followed by rapid cooling on ice. Then 1 
|xl of ImProm-II™ Reverse Transcriptase (Promega Corp., USA), 4 |il of 5x ImProm-II™ 
reaction buffer, 2.4 i^l of 1.5 mM MgCb, l^il of 25mM dNTP, 0.5 i^l Rnase block and 
6.1 |il nuclease-free water were added to obtain a final volume of 20 \i\. The mixture was 
incubated at 25°C for 5 min and at 42°C for 1 h. The Reverse Transcriptase was heat-
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inactivated by heating at 70°C for 15 min. The reactions were stored at -38°C until 
analysis. 
The integrity of the first strand cDNA was confirmed by Polymerase Chain 
Raction (PGR) amplification of p-actin gene. Oligonucleotide primers were designed 
based on the nucleotide sequence published in Genbank (Zebrafish p-actin, GenBank 
number: BC_045879). The primer sequences of oligonucleotide primers for p-actin gene 
were tabulated in Table 7. 
Table 7 Nucleotide sequences of oligonucleotide primers for p-actin gene. 
Target 
gene 
Primer Nucleotide sequence (5" to 3') Amplicon size 
p-actin 
Forward 
Primer CTT GGG TAT GGA ATC TTG CG 326 bp Reverse 
Primer AGC AM TGC GGT GGA CGA 丁 
For each sample, 1 cDNA template was mixed with 2.5 of lOx PCR buffer, 
2 i^l of 25 mM MgCb, 0.5 of 10 mM dNTP，1 i^l each of two selected primers (lOmM), 
0.25 \iL of Taq DNA polymerase and 16.75 \iL of autoclaved distilled water. The 
negative control contained all reaction components except the cDNA template. The PCR 
for p-actin was carried out in a thermocycler (Dice, Takara) as follows: 1 cycle of initial 
denaturation at 94°C for 5 min, 35 cycles of denaturation at 94°C for 30 s, annealing at 
58°C for 30 s, extension at 72°C for 30 s and an extra cycle of extension at 72°C for 8 
min. 
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The PCR product was mixed with 6x gel-loading buffer and analyzed together 
with 100 bp DNA ladder on 1.5% (w/v) agarose gel. Electrophoresis was performed at a 
constant voltage of 120V in a gel tank with TAE buffer for 20 min. The gel was stained 
in 10 lig ml'' ethidium bromide solution and visualized on a UV transilluminator at 
300nm. 
2.2.7 Quantification ofmRNA levels by qPCR 
2.2.7.1 Primer design 
Specific primers for p-actin (actin), cytochrome P450 (CYP) enzymes CYPIA 
and CYP3A65, and vitellogenin 1 (VTGl) and Multiple Drug Resistance 1 (MDRl) 
genes of zebrafish were designed according to the sequences published in GeneBank 
(Zebrafish p-actin, GeneBank accession number: AF_057040; Zebrafish CYPIA, 
GeneBank accession number: NM—131879; Zebrafish CYP3A65, GeneBank accession 
number: AY—452279; Zebrafish VTGl, GeneBank accession number: NM_001044897; 
Zebrafish MDRl, GeneBank accession number: BQ_2845931) and using the online tool, 
Real-time Primer Design Program, provided by Genscript Corporation 
(https://www.genscript.com/ssl-bin/app/primer)，specific primers were designed spanning 
over two exons at the intro-exon junction sites to avoid the primers binding onto the 
genomic DNA sequences and amplifying contaminated DNA in the samples. The 
program also checked for avoidance of hair-pin formation and primer-dimer formation. 
The melting temperature (Tm) of the primers ranged from 58 to 60°C and amplified for 
amplicon size ranged from 50 to 150 bp. The primer sequences of different biomarkers 
for zebrafish were tabulated in Table 8. 
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Table 8 Nucleotide sequences of different biomarker gene primers of zebrafish for qPCR 
























2.2.7.2 Quantitative PCR conditions 
QPCR was carried out with Brilliant® SYBR® Green qPCR Master Mix 
(Applied Biosystem) in 25 i^L of reaction mixtures in the real-time machine, Chromo 4 
TM Four-Colour Real Time System (MJ Research®). First-strand cDNA samples of 
zebrafish embryo-larvae after pesticide exposure was used as templates to establish 
standard curves. For each qPCR run, 1 |uL of 1 pmol forward and reverse primers 
were added to 12.5 i^L Brilliant® SYBR® Green qPCR Master Mix, 9.5 i^L of 
autoclaved distilled water and 1 fiL of the first-strand cDNA mixture. Five serials of two-
fold dilution were prepared from cDNA samples and were used to establish the standard 
curves (Fig 2.1- 2.2). The PCR program consisted of 1 cycle of initial denaturation at 
95°C for 10 min, 40 cycles of denaturation at 95°C for 30 s, annealing at 56°C or 58°C 
for 30 s and extension at 70°C for 30 s. The fluorescence was read after the extension in 
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each cycle. Finally 50-90°C with a 0.5°C increment and 1 s for each temperature was 
used to obtain the melting curve. 
The efficiency of the PCR amplification protocol or gene-specific primers was 
analyzed by one cDNA sample with five serial dilutions. qPCR of ACT, CYPIA and 
CYP3A65, VTGl and MDRl genes for zebrafish were run using the above thermal-cycle 
programs. Delta Ct (threshold cycle) were calculated using the following equation: 
ZlCt = Ct (target gene) - Ct (house-keeping gene) 
Efficiency plots of delta Ct (z] Ct) against log dilution factor were then established. A 
melting curve analysis was carried out to verily primer-dimer formation of gene-specific 
primers. The fluorescence readings during a gradual increase in temperature were 
recorded and fluorescence changed against temperature was determined. Each gene had 
its own specific dissociation temperature. Appearance of two or more peaks indicated 
PCR products other than the target gene had been amplified. A no template control (NTC) 
was used in each set of qPCR run so that contamination could be detected. 
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Figure 8 Standard curves of (a) Actin mRNA, (b) CYPIA mRNA and (c) CYP3A mRNA 
in qPCR quantification. The linear relationship (r2 >0.99) of Ct and the amount of 
materials added after serial dilution indicated that Ct is inversely proportional to the 
initial amount of the target template. 
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Figure 9 Standard curves of (a) VTGl mRNA, (b) MDRl mRNA in qPCR quantification. 
The linear relationship (r2 >0.99) of Ct and the amount of materials added after serial 
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Figure 10 Efficiency plots of (a) CYPIA mRNA, (b) CYP3A65 mRNA, (c) VTGl 
mRNA and (d) MDRl mRNA, using delta Ct calculation against the reference mRNA p-
actin.The absolute values of the slopes of the efficiency plots for all genes were smaller 
than 0.1，which demonstrated that efficiencies of target and reference amplifications were 
approximately equal. We can proceed with quantification of the expression of the genes 
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Figure 11 (a-e) The dissociation curves of the different biomarker transcripts and the 
reference mRNA p actin. (a) Actin (p actin) mRNA, with the dissociation temperature of 
80. (b) CYPIA mRNA, with the dissociation temperature of 80°C. (c) MDRl mRNA, 
with the dissociation temperature of 79°C. (d) VTGl mRNA, with the dissociation 
temperature of 8 TC. (e) CYP3A65 mRNA, with the dissociation temperature of 76°C. 





The threshold cycle (Ct) is defined as the cycle number at which the level of 
fluorescence exceeded the fixed threshold. Standard curves of Ct against log dilution 
factor were obtained for the house-keeping transcript actin and the target transcripts. All 
standard curves showed good linear relationships with r > 0.99. A correlation coefficient 
of greater than 0.99 indicates good primer efficiency and shows a successful qPCR 
profile. The efficiencies of PCR amplification for the target and housekeeping transcripts 
were tested and efficiency plots were obtained. The regression slopes of the efficiency 
plots for CYPIA and CYP3A65, VTGl and MDRl were -0.0209, 0.0083，0.103 and 
0.0959 respectively. The absolute values of the slopes for all were smaller than 0.1 which 
demonstrated that efficiencies of target and reference amplifications were approximately 
equal. Thus, we can proceed with the quantification of the target transcripts. For melting 
curve analysis, each sample showed a peak at its specific dissociation temperature 
(CYPIA: 80°C, CYP3A65: 76°C, VTGl: 81°C and MDRl: 79°C). No template control 
(NTC) showed no sharp peaks between 50 and 90°C, indicating no primer-dimerization. 
2.2.7.3 Quantification of biomarker gene expression levels in zebraflsh embryo-
larvae 
QPCR was performed to determine the biomarker mRNA for zebraflsh embryo-
larvae after exposure to different pesticides. An identical thermal-cycle program was 
used for all biomarker genes. The PCR program consisted of 1 cycle of initial 
denaturation at 95°C for 10 min, 40 cycles of denaturation at 95°C for 30 s, annealing at 
56°C or 58°C for 30 s and extension at 70°C for 30 s. The fluorescence was read after 
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the extension in each cycle. Finally 50-90°C with a 0.5°C increment and 1 s for each 
temperature was used to obtain the melting curve. 
After running qPCR, the values of the threshold cycle (Ct) of the biomarker 
transcripts, including CYPIA and CYP3A65, VTGl and MDRl and house-keeping (p-
actin) transcripts were obtained from the amplification plot. The larger Ct indicates that 
the sample requires more numbers of cycle to accumulate the PCR product into a 
detectable level and begins its exponential phase, which means that the initial amount of 
target transcript present in the sample is relatively less than the samples that having a 
smaller Q. The fold induction of biomarker gene expression in each sample was 
calculated by a comparative Ct threshold method (Giulietti et al., 2001) using the 
following equation: 
Relative fold induction of target gene mRNA = 2 (况严 control- ^c o f treated) 
where ZIQ = Ct (target gene) - Ct (house-keeping gene) 
The Ct of the target transcript in the samples was normalized with the Ct of the 
house keeping transcript by subtracting the Ct of target from Ct of p-actin. The relative 
fold induction of the target genes in each sample was determined. Each treatment group 
was compared with the control group for each biomarker. 
2.2.8 Statistical analysis 
The effects of pesticides on the biomarker gene expressions and enzyme activities 
were tested with one-way ANOVA. Turkey multiple comparison test was applied when 
one-way ANOVA indicated that the effect was significant. For the graphs showing the 
relative mRNA levels of different biomarkers, bar with the asterisk indicates significant 
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difference from the control. (P < 0.05) and bars with different letters are significantly 
different from each other (P < 0.05). 
2.3. Results 
2.3.1 Acute toxicities of OC pesticides and bisphenol-A 
The 96h-EC50 values of heptachlor, methoxychlor, endosulfan and bisphenol-A 
for zebrafish embryos were 5.90 mg/L, 1.66 mg/L, 5.11 mg/L and 5.25 mg/L respectively 
(Table 9). And the 96h-LC50 values of heptachlor, methoxychlor, endosulfan and 
bisphenol-A for zebrafish larvae were 1.74 mg/L, 1.59 mg/L, 0.24 mg/L and 8.04 mg/L 
respectively (Table 10). Table 11 shows the rank order of toxicities of heptachlor, 
methoxychlor, endosulfan and bisphenol-A from the most toxic (lowest value) to less 
toxic according to their 96h-EC50 values and 96h-LC50 value. For embryos, 
methoxychlor was the most toxic among the four tested chemicals while endosulfan was 
the most toxic for larvae. 
2.3.2 Effects of OC pesticides and bisphenol-A on biomarker gene expression levels 
The effects of heptachlor, endosulfan, methoxychlor and bisphenol-A on CYPIA, 
CYP3A and VTGl expression of zebrafish embryos and larvae were shown in Figure 14 
to Figure 21. Exposure to heptachlor did not affect the CYPIA expressions in either 
embryos or larvae (Figure 14 and 15). Significant changes in CYP3A65 expression were 
not observed in embryos. However, aO.4-fold suppression was observed the concentration 
of 1.30 mg/L in larvae. For VTGl, significant increases in expression were found at the 
highest concentration in both embryos (4.5-fold) and larvae (23.1-fold). MDRl 
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expression in embryos was not significantly altered at any of the heptachlor 
concentrations whereas the MDRl expression increased 2.9-fold at 0.87 mg/L and 3.0-
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Figure 12 Hatching rates (%) of zebrafish embryos at different endosuifan, heptachlor, 
methoxychlor and bisphenol-A concentrations after 96h exposure and the fitted sigmoidal 
dose response curve. Data are shown as means (n= 3) with standard deviation (士SD) 
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Figure 13 Mortality rates (%) of zebrafish larvae at different endosulfan, heptachlor, 
methoxychlor and bisphenol-A concentrations after 96h exposure and the fitted sigmoidal 
dose response curve. Data are shown as means (n = 3) with standard deviation (士SD) 
(N = 3). 
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Table 9 The 96h-EC50 values of different OC pesticides and bisphenol-A for hatching of 
zebrafish embryos 
Name EC50 (mg/L) 
95% Confidence Limit 
(mg/L) EC50 (uM) 
95% Confidence Limit 
(uM) 
Lower Upper Lower Upper 
Heptachlor 5.904 4.101 8.651 15.815 10.985 23.173 
Methoxychlor 1.662 0.9475 2.378 4.808 2.741 6.880 
Endosulfan 5.105 4.332 5.878 12.545 10.646 14.445 
Bisphenol A 5.246 2.982 5.819 22.980 13.062 25.490 
Table 10 The 96h-LC50 values of different OC pesticides and bisphenol-A for zebrafish 
larvae 
Name LC50 (mg/L) 
95 % Confidence 
Limit (mg/L) LC50 (uM) 
95% Confidence Limit 
(uM) 
Lower Upper Lower Upper 
Heptachlor 1.738 1.493 2.104 4.656 3.999 5.636 
Methoxychlor 1.586 1.455 1.685 4.588 4.209 4.875 
Endosulfan 0.238 0.152 0.356 0.585 0.374 0.875 
Bisphenol A 8.041 7.846 8.24 35.223 34.369 36.094 
Table 11 The rank order of toxicities of heptachlor, methoxychlor, endosulfan and 
bisphenol-A 
Toxicities of tested chemicals 
Embryos Methoxychlor > Endosulfan > Bisphenol-A > Heptachlor 
Larvae Endosulfan > Methoxychlor > Heptachlor > Bisphenol-A 
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Similar to heptachlor, endosulfan did not affect CYPIA transcript expression in 
either embryos or larvae (Figure 16 and 17). For CYP3A65, the results between embryos 
and larvae were totally different. In embryos, endosulfan significantly increased the 
expression with 4.2-fold at 3.83 mg/L. But in larvae, the concentration of 0.06 mg/L 
endosulfan suppressed CYP3A65 mRNA expression with significant changes at 0.12 
mg/L and 0.18 mg/L. Increases in VTGl mRNA expressions were observed in both 
embryos and larvae with significant increases found at 2.55 mg/L and 3.83 mg/L in 
embryos (11.7-fold and 11.9-fold, respectively). Endosulfan reduced MDRl mRNA 
expression in both embryos and larvae. The MDRl mRNA expression decreased 0.6-fold 
at 0.02 mg/L, 0.5-fold at 0.06 mg/L, 0.2-fold at 0.12 mg/L, and 0.2-fold at 0.18 mg/L in 
larvae. 
Similar to the responses of the previous OC pesticides, there were no significant 
changes in the CYPIA mRNA expression in both embryos and larvae after 96h 
methoxychlor exposure (Figure 18 and 19). For CYP3A mRNA, a 6.1-fold increase was 
observed following exposure to 1.25 mg/L in embryos while a 4.8-fold increase was 
found at 1.19 mg/L in larvae. VTGl mRNA expression in embryos increased 7.4-fold at 
1.25 mg/L and in larvae an increase of 4.4-fold was observed at 0.79 mg/L. A 6.4-fold 
increase at 1.19 mg/L was noted in larvae exposed to methoxychlor. For MDRl, the 
mRNA expression was suppressed by 0.3-fold at both 0.79 mg/L and 1.19 mg/L in larvae. 
In addition to pesticides, a well known environmental estrogen bisphenol A was 
used as a positive control for VTGl expression. Bisphenol A did not affect the CYPIA 
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expression (Figure 20 and 21). However, it increased the mRNA levels of CYP3A65 and 
VTGl in both embryos and larvae with significant 5.2-fold and 181.5-fold increases at 
3.93 mg/L for CYP3A65 and VTGl respectively in embryos. No changes in MDRl 
expression of embryos were detected whereas significant 0.5-fold suppression was 
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Figure 14 Relative fold induction of CYP lA, CYP3A65 and VTGl and MDRl mRNA 
levels in zebafish embryo exposed to different concentrations of heptachlor for 4-days. 
Data are shown as means with standard deviation (士SD). Bar with the asterisk indicates 
significant difference from the control. Bars with a different letter are significantly 
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Figure 15 Relative fold induction of CYP lA, CYP3A65 and VTGl and MDRl mRNA 
levels in zebafish larvae exposed to different concentrations of heptachlor for 4-days. 
Data are shown as means with standard deviation (士SD). Bar with the asterisk indicates 
significant difference from the control. Bars with a different letter are significantly 
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Figure 16 Relative fold induction ofCYP lA, CYP3A65 and VTGl and MDRl mRNA 
levels in zebafish embryo exposed to different concentrations of endosulfan for 4-days. 
Data are shown as means with standard deviation (士SD). Bar with the asterisk indicates 
significant difference from the control. Bars with a different letter are significantly 
different from each other (One-way ANOVA, P < 0.05) (N = 5). 
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Figure 17 Relative fold induction of CYP lA, CYP3A65 and VTGl and MDRl mRNA 
levels in zebafish larvae exposed to different concentrations of endosulfan for 4-days. 
Data are shown as means with standard deviation (土SD). Bar with the asterisk indicates 
significant difference from the control. Bars with a different letter are significantly 
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Figure 18 Relative fold induction ofCYP lA, CYP3A65 and VTGl and MDRl mRNA 
levels in zebafish embryo exposed to different concentrations of methoxychlor for 4-days. 
Data are shown as means with standard deviation (士SD). Bar with the asterisk indicates 
significant difference from the control. Bars with a different letter are significantly 
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Figure 19 Relative fold induction ofCYP lA, CYP3A65 and VTGl and MDRl mRNA 
levels in zebafish larvae exposed to different concentrations of methoxychlor for 4-days. 
Data are shown as means with standard deviation (±SD). Bar with the asterisk indicates 
significant difference from the control. Bars with a different letter are significantly 
different from each other (One-way ANOVA, P < 0.05) (N = 5). 
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Figure 20 Relative fold induction of CYP lA, CYP3A65 and VTGl mRNA levels in 
zebafish embryo exposed to different concentrations of BPA for 4-days. Data are shown 
as means with standard deviation (士SD). Bar with the asterisk indicates significant 
difference from the control. Bars with a different letter are significantly different from 
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Figure 21 Relative fold induction of CYP lA, CYP3A65 and VTGl mRNA levels in 
zebafish larvae exposed to different concentrations of BPA for 4-days. Data are shown as 
means with standard deviation (士SD). Bar with the asterisk indicates significant 
difference from the control. Bars with a different letter are significantly different from 
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Table 12 NOEC and LOEC values for CYP3A65, VTGl and MDRl induction in 
zebrafish embryos and larvae 
96h-
Value 




CYP3A65 VTGl MDRl 
embryos 1.662 
NOEC 0.83 0.83 N/A 
Methoxychlor 
LOEC 1.25 1.25 N/A 
larvae 1.586 
NOEC 0.79 0.40 0.40 
LOEC 1.19 0.79 0.79 
embryos 5.105 
NOEC 2.55 1.28 N/A 
Endosulfan 
LOEC 3.83 2.55 N/A 
larvae 0.238 
NOEC 0.06 N/A N/A 
LOEC 0.12 N/A N/A 
embryos 5.904 
NOEC N/A 2.95 N/A 
Heptachlor 
LOEC N/A 4.43 N/A 
larvae 1.738 
NOEC 0.87 0.87 0.43 
LOEC 1.30 1.30 0.87 
embryos 5.246 
NOEC 2.62 2.62 N/A 
Bisphenol A 
LOEC 3.93 3.93 N/A 
larvae 8.041 
NOEC N/A N/A 2.01 
LOEC N/A N/A 4.02 
N/A means that the NOEC and LOEC values cannot be determined. 
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2.4. Discussion 
2.4.1 Toxicities of OC pesticides and bisphenol-A 
The objectives of acute toxicity tests are to quantitatively identify acute adverse 
effects, using mortality or hatching rate. For fish, hazard assessments of chemicals use 
international standards (ISO) and guidelines (OECD) based on global toxicity endpoints. 
OECD guidelines are based on the study of developmental life stages, such as embryo 
and pro-larvae, and the toxic effects of chemical can be assessed through the analysis of 
various lethal and sub-lethal endpoints, including mortality, hatching (rate and time) and 
pro-larval morphology (length, weight and abnormality) (OECD, 1998). In this study, we 
selected mortality and hatching rate as the toxicological endpoints to study the effects of 
heptachlor, methoxychlor, endosulfan and bisphenol-A on zebrafish embryo-larvae. 
These OC pesticides are known to be highly toxic in different toxicological tests. 
For examples, the 24h-LC50 values of endosulfan to zebra fish {Danio rerio) and yellow 
tetra (Hypfwssohrycon bifasciatus) were 1 / L and 2.6|ig /L respectively. (Jonsson 
and Toledo, 1993) Besides, the 96-h LC50 of methoxychlor for adult male and female 
zebrafish were found to be 36 )ig/L and 129 |Lig /L respectively (Versonnen et al” 2004). 
On the other hand, bisphenol-A is moderately toxic to fish. In the exposure of zebrafish 
embryos to BPA, the LC50 was found to be 16.75 mg/L after 24h (Duan et al, 2008). In 
the present study, the 96h-EC50 values of heptachlor, methoxychlor, endosulfan and 
bisphenol-A for zebrafish embryos were 5.90 mg/L, 1.66 mg/L, 5.11 mg/L and 5.25 
mg/L respectively while their corresponding 96h-LC50 values for zebrafish larvae were 
1.74 mg/L, 1.59 mg/L, 0.24 mg/L and 8.04 mg/L respectively. By comparing their EC50 
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and LC50 values, embryos were the most sensitive to methoxychlor among the tested 
chemicals while larvae were the most sensitive to endosulfan. 
2.4.2 Effects of OC pesticides on CYPIA mRNA expression 
The cyctochrome P450s (CYPIA), which make up a large protein superfamily, 
play an important role in metabolism of xenobiotics. The expression of CYPIA mRNA 
can be induced by a variety of organic compounds, making it a useful biomarker used to 
study exposure in organisms exposed to organic contaminants. The enzyme activity and 
mRNA expression of CYPIA have been used to detect exposure to organic pollutants in 
fish (Andersson et al., 2007; Webster et al, 2007). Induction of CYPIA is mediated 
through the binding of xenobiotics to Aryl hydrocarbon receptor (AhR). Generally 
speaking, AhR ligands are similar in structure to 2,3,7,8-tetrachlorodibenzo-p-dioxin 
(TCDD), a model CYPIA inducer. In the present study, the tested OC pesticides, 
heptachlor, methoxychlor and endosulfan, could not induce CYPIA mRNA expression at 
any of the pesticide concentrations. One of the possible explanations is that these OC 
pesticides do not have structural configurations required for AhR ligands. Similar results 
were obtained in other organisms, like mammals. It was reported that methoxychlor did 
not induce CYPIA mRNA in rats (Li and Kupfer, 1998). 
2.4.3 Effects of OC pesticides on CYP3A65 gene expression 
In fish, members of the CYP2 and CYP3A families play a major role in the 
metabolism of xenobiotics and endogenous compounds, including steroids (Thibaut et al” 
2002). Although some CYP3A genes have been identified in fish by cDNA cloning and 
immunological techniques, little is known about their function, distribution and 
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inducibility. For example, exposure to p，p，-DDE and dieldrin which are organochlorine 
pesticides increased the expression of hepatic CYP3A68 in largemouth bass (Barber et al., 
2007). Methoxychlor showed PXR agonist activity in vitro and induced CYP2C11, 
CYP2B1 and CYP3A1 in male rat liver (Mikamo et al., 2003). 
Methoxychlor has been classified as pro-estrogen and demethylation of the 
methoxy groups is required for its activation. The demethylation of methoxychlor was 
shown to be catalyzed by CYPl and CYP3A enzymes in channel catfish (Stuchal et al, 
2006). In the present study, the CYP3A65 expressions were significantly increased in 
both embryos and larvae after 96h exposure to methoxychlor. A significant 6.1-fold 
increase at 1.25 mg/L in embryos and a significant 4.8-fold increase at 1.19 mg/L in 
larvae were observed. These results suggest that CYP3A65 may be involved in the 
biotransformation of methoxychlor to its more estrogenic metabolites in zebrafish. It has 
a good agreement with previous study in which the mRNA expression of CYP3A68 was 
increased by all methoxychlor treatments in the liver of largemouth bass after 24h 
exposure (Blum et al.’ 2008). 
Endosulfan was shown to be metabolized to a single metabolite, endosulfan 
sulfate, in human liver microsomes, and its metabolism is primarily mediated by 
CYP2B6 and CYP3A4 (Casabar et al, 2006). In the present study, endosulfan 
significantly increased CYP3A65 mRNA levels by 4.2-fold in embryos. Previous studies 
indicated that endosulfan was a potent inducer of CYP3A1 mRNA in rat and increased 
the CYP3A7 transcript levels in Hep G2 human hepatoma cells. On the other hand, 
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endosulfan and heptachlor significantly reduced CYP3A mRNA levels in larvae. Since 
the mechanism of induction of CYP3A in fish by xenobiotics like OC pesticides is still 
not clear, further research is needed to elucidate the underlying mechanism responsible 
for these effects on CYP3A expression. 
2.4.4 Effects of OC pesticides on VTGl gene expression 
Xenoestrogens have been shown to cause feminization of males and the induction 
of yolk protein precursor vitellogenin (VTG). Previous studies reported that MXC 
induced estrogenic effects in fish, birds, mammals and invertebrates (Eroschenko et al, 
2002; Green et al, 1997; Versonnen et al., 2004). Also, endosulfan was shown to have 
estrogenic effects in an in vitro assay using human cells (Soto et al.’ 1994). Vitellogenin 
(VTG) has been widely used as a biomarker for exposure to estrogens and xenoestrogens 
(Sumpter and Jobling, 1995).The natural inducer of hepatic VTG is estradiol-17(3 (E2). 
However, VTG can also be synthesized in hepatocytes in response to the activation of 
estrogen receptor by any estrogenic compound, such as endosulfan and BPA (Mommsen 
and Walsh, 1998). Significant increases of VTG production was observed in male 
zebrafish exposed to methoxychlor for 14 days (Versonnen et al, 2004). 
VTG mRNA expression of tilapia was increased by heptachlor after 5-day 
exposure (Davis et al., 2009). In the present study, endosulfan, methoxychlor, heptachlor 
and bisphenol-A significantly increased the VTGl production in zebrafish embryo-larvae 
with induction ranging from 4.5-fold to 182-fold. These findings indicate that these 
pesticides are estrogenic to zebrafish and VTG induction in male and immature fish is a 
useful and sensitive biomarker for identifying estrogenic contamination of endocrine 
disrupting compounds in the aquatic environment. The No Observable Effect 
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Concentrations (NOECs) of bisphenol A, heptachlor, methoxychlor and endosulfan for 
VTGl induction in embryos were 2.62 mg/L, 2.95 mg/L, 0.83 mg/L and 1.28 mg/L 
respectively; whereas their Lowest Observable Effect Concentrations (LOECs) were 3.93 
mg/L, 4.43 mg/L, 1.25 mg/L and 2.55 mg/L respectively. These results suggested that 
methoxychlor is more estrogenic to embryos compared to the other chemicals. 
2.4.5 Effects of OC pesticides on MDRl gene expression 
The Multiple drug resistance gene (MDRl) is the gene which encodes P-
glycoprotein (Synold et al., 2001). They are extremely important in regulating a wide 
range of xenobiotics including pesticides. Recently, the interactions between P-
glycoprotein and pesticides have been reported in both in vivo and in vitro studies. An in 
vivo study indicated that knockout mice lacking MDRl a gene were sensitized to the 
neurotoxic pesticide ivermectin (Schinkel et al., 1994). DDT and p, p'-DDE induced 
MDRl in HepG2 cells (Shabbir et al.’ 2005). In addition, another in vitro study showed 
that endosulfan had high inhibitory potential towards P-glycoprotein activity (Bain and 
LeBlanc, 1996). 
In the present study, endosulfan, methoxychlor and BPA significantly suppressed 
MDRl mRNA in zebrafish larvae. Our results support the previous study that endosulfan 
has the ability to inhibit P-glycoprotein mRNA. However, heptachlor significantly 
induced MDRl mRNA expression by 3-fold in larvae. Our data suggest that heptachlor 
and the other two OC pesticides may function via different mechanisms on MDRl gene 
expression. Further studies will be needed to identify the regulation of MDRl expression 
by different OC pesticides. 
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2.5 Conclusion 
Heptachlor, endosulfan, methoxychlor and BP A significantly increased the 
mRNA of VTGl in embryo-larvae. A significant 182-fold increase was detected in 
embryos after the administration of bisphenol A. It indicates that these pesticides are 
estrogenic to zebrafish and VTGl induction in immature zebrafish is a sensitive 
biomarker to screen and study the estrogenicity of potential xenoestrogens. Alterations of 
CYP3A65 and MDRl mRNA in zebrafish embryo-larvae varied from one OC pesticide 
to another. Further studies will be needed to understand the underlying mechanism of 
induction of these genes. 
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Chapter 3 
Toxicity assay and biomarker studies on zebrafish embryo-
larvae exposed to a organochlorine pesticide, chlorpyrifos 
3.1 Introduction 
Organophosphates (OPs) are a class of insecticides in use since the mid 1940s 
(Costa, 2006). They are relatively non-persistent and highly effective in killing insects. 
However, they can cause significant adverse effects in non-target species, including 
mammals, birds, aquatic organisms and even humans. They irreversibly inactivate 
acetylcholinesterase (AChE), which is essential to nerve function in insects, humans, and 
many other animals. 
Chlorpyrifos is a board-spectrum organophosphate insecticide used to control 
foliage and soil-borne insect pests on a variety of food and feed crops. It is one of the 
most heavily used OPs (Barron and Woodburn, 1995), with approximately 10 million 
pounds of chlorpyrifos applied annually in agricultural settings (USEPA, 2002). It is 
highly toxic to freshwater fish, aquatic invertebrates and estuarine and marine organisms 
and can cause developmental neurotoxicity (Levin et al., 2004). 
Many xenobiotics, including pesticides, may cause oxidative stress leading to the 
generation of reactive oxygen species (ROS) or depletion of antioxidants or free oxygen 
radicals scavenging enzyme systems in aquatic organisms (Livingstone, 2001). It has 
been reported that OPs, may induce oxidative stress (Hai et al” 1997; Yarsan et al., 1999). 
Reactive oxygen species (ROS), such as superoxide anion radical, hydrogen peroxide and 
hydroxy 1 radical can react with susceptible biological macromolecules and produce lipid 
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peroxidation, DNA damage and protein oxidation, resulting in oxidative stress 
(Livingstone et al., 1993). Fish combat elevated levels of ROS with protective ROS-
scavenging enzymes, such as SOD, catalase and Glutathione S-transferase (GST). 
Protective ROS-scavenging enzymes include superoxide dismutase (SOD) and catalase 
(CAT) that convert superoxide anions into H2O2 and further into H2O and O2, 
respectively. Irreversible cellular damage and death can result when these enzymes are 
overwhelmed by excessive ROS production. 
Cholinesterases are a family of enzymes that hydrolyze choline esters. Inhibition 
of AchE causes accumulation of the neurotransmitter, acetylcholine (ACh), in nerve 
synapses and neuromuscular junctions, causing over-stimulation cholinergic neurons 
which cause behavioral effects, such as hyperactivity, asphyxia and potentially death. 
Chloinesterase inhibition was observed in acute toxicity tests of fish exposed to very low 
concentrations of chlorpyrifos (Phillips et al., 2002). It is essential to investigate the 
effects of OP pesticide on AChE activity of zebrafish as information on AChE inhibition 
in tropical fish species by anticholinesterase pesticides is limited. This part of the study 
aims to study the effects of the OP pesticide, chlorpyrifos, on the gene expression of 
oxidative stress biomarkers and AChE activities. 
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3.2 Materials and methods 
3.2.1 Chemicals tested 
Chlorpyrifos (99.5 area %) (CAS 2921-88-2) from Sigma-Aldldrich was used. 
3.2.2 Zebrafish cultivation and egg production 
A breeding stock of non-treated, mature zebrafish is used for egg production. The 
details of keeping the fish and collecting embryos were the same as described before 
(section 2.2.2). 
3.2.3 Determination of 96h-EC50 and 96h-LC50 of chlorpyrifos for zebrafish 
embryo-larvae 
The 96h median Effective Concentration EC50 (hatching) and 96h median Lethal 
Concentration LC50 values were determined according to the methods described as 
previously (section 2.2.3). 
3.2.4 Pesticide exposure for determination of mRNA levels of biomarkers 
Freshly fertilized embryos and 96 h post-fertilization larvae were exposed to 10%, 
25%, 50% and 75% of the EC50 and LC50 values respectively. The nominal chlorpyrifos 
concentrations were tabulated in Table 13 for embryo exposure and in Table 14 for larvae 
exposure. A solvent control which contained the corresponding solvent and filtered water 
was used for each exposure experiment. 
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Table 13 The calculated 96h-EC50 values of chlopyrifos and concentrations used for 
embryo exposure 
Name 96h-EC50 (mg/L) 
Concentration tested (% of 96h-EC50) (mg/L) 
10% 25% 50% 75% 
Chlorpyrifos 9.623 0.96 2.41 4.81 7.22 
Table 14 The calculated 96-h LC50 values of chlorpyrifos and concentration used for 
larvae exposure 
Name 96h-LC50 (mg/L) 
Concentration tested (% of 96h-LC50) (mg/L) 
10% 25% 50% 75% 
Chlorpyrifos 3.054 0.31 0.76 1.53 2.29 
3.2.5 Extraction of total RNA from the exposed embryo-larvae samples 
Methods for extracting RNA can be referred to previous chapter 2.2.5. 
3.2.6 Reverse Transcription 
First-strand complementary DNA (cDNA) was synthesized from 1 total RNA 
by reverse transcription. The integrity of the first strand cDNA was confirmed by 
Polymerase Chain Raction (PGR) amplification of (3-actin gene. Oligonucleotide primers 
were designed based on the nucleotide sequence published in Genbank (Zebrafish p-actin, 
GenBank number: BC—045879). The primer sequences of oligonucleotide primers for p-
actin gene were tabulated in Table 15. 
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Table 15 Nucleotide sequences of oligonucleotide primers for p-actin gene. 
Target 





Primer C n GGG TAT GGA ATC TTG CG 326 bp Reverse 
Primer AGC ATT TGC GGT GGA CGA T 
The methods of RT and PCR can be referred to previous chapter (section 2.2.6). 
3.2.7 Quantifications of mRNA levels by qPCR 
3.2.7.1 Primer design 
Specific primers for p-actin (ACT), pi-class glutathione S-transferase (GST) and 
catalase (CAT) genes of zebrafish were designed based on the sequences published in 
GeneBank (Zebrafish p-actin, GeneBank accession number: AF_057040; Zebrafish CAT, 
GeneBank accession number: AF_170069; Zebrafish pi-class GST, GeneBank accession 
number: AB—194127). The primers were designed by using the online tool, Real-time 
Primer Design Program, provided by Genscript Corporation 
(https://www.genscript.com/ssl-bin/app/primer). The primer sequences of different 
biomarkers for zebrafish were tabulated in Table 16. 
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Table 16 Nucleotide sequences of different biomarker gene primers of zebrafish for real-
time PGR 













92 bp Reverse AGATCTTCAACTCCGTCGTTC 
3.2.7.2 Validation ofqPCR conditions 
qPCR was carried out with Brilliant® SYBR® Green qPCR Master Mix (Applied 
Biosystem) in 25 [iL of reaction mixtures in the real-time machine, Chromo 4 tm Four-
Colour Real Time System (MJ Research®). The efficiency of the PGR amplification 
protocol or gene-specific primers was analyzed by one cDNA sample with five serial 
dilutions. qPCR of ACT, CAT and GST genes for zebrafish were run using the thermal-
cycle programs mentioned in 2.2.7.2. Delta Ct (threshold cycle) were calculated using 
the following equation: 
z]Ct = Ct (target gene) - Ct (house-keeping gene) 
Efficiency plots of delta C t ( � C t ) against log dilution factor were then established. 
A melting curve analysis was carried out to verify primer-dimer formation of gene-
specific primers. Each gene had its own specific dissociation temperature. Appearance 
of two or more peaks indicated PGR products other than the target gene had been 
amplified. A no template control (NTC) was used in each set of qPCR run so that 
contamination could be detected. 
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Figure 22 Standard curves of (a) ACT mRNA, (b) GST mRNA and (c) CAT mRNA in 
qPCR quantification. The linear relationship (r2 >0.99) of dilution factors and Ct values 
indicated that Ct is inversely proportional to the initial amount of the target template. 
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Figure 23 Efficiency plots of (a) CAT mRNA and (b) GST mRNA. The absolute values 
of the slopes of the efficiency plots for all transcripts were smaller than 0.1，which 
demonstrated that efficiencies of target and reference amplifications were approximately 
equal. Therefore, we can proceed with the quantification of the target mRNA. 
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Figure 24 (a-c) The dissociation curve of the different biomarker 
mRNA, with the dissociation temperature of 80. (b) CAT mRNA, 
temperature of 78�C. (c) GST mRNA, with the dissociation temperature of 77°C. The 
dissociation curve of the NTC was indicated as the thick black line. 
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The threshold cycle (Ct) is defined as the cycle number at which the level of 
fluorescence exceeded the fixed threshold. Standard curves of Q against log dilution 
factor were obtained for the house-keeping gene actin and the target gene. All standard 
curves showed good linear relationships with r^  ranged from 0.95 to 0.99. A correlation 
coefficient of greater than 0.95 indicates good primer efficiency and shows a successful 
qPCR profile. The efficiencies of PGR amplification for the target and housekeeping 
genes were tested and efficiency plots were obtained. The regression slopes of the 
efficiency plots for CAT and GST were -0.02 and -0.03 respectively. The absolute values 
of the slopes for all were smaller than 0.1 which demonstrated that efficiencies of target 
and reference amplifications were approximately equal. Thus, we can proceed with the 
quantification of the target genes. For melting curve analysis, each sample showed a peak 
at its specific dissociation temperature (ACT: 80°C, CAT: 78°C and GST: 77�C). No 
template control (NTC) did not show sharp peak between 50 and 90°C, indicating no 
primer-dimerization or contamination. 
3.2.7.3 Quantification of biomarker gene expression levels in zebrafish embryo-
larvae 
The conditions and methods for the determination of biomarker gene expression 
levels under the effects of chlorpyrifos can be referred to 2.2.7.3. The fold induction of 
biomarker gene expression in each sample was calculated by a comparative Ct threshold 
method (Giulietti et al., 2001) using the following equation: 
Relative fold induction of target gene mRNA = 2 (^c o f control - ^c o f treated) 
where ^ Q = Ct (target gene) - Ct (house-keeping gene) 
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The Q of the target gene in the samples was normalized with the Ct of the house keeping 
gene by subtracting the Ct of target gene from Ct of p-actin. The relative fold induction 
of the target genes in each sample was determined. Each treatment group was compared 
with the control group for each biomarker gene. 
3.2.8 Determination of acetylcholinesterase (AChE) activities 
In addition to gene expression determination, AChE activities in the sample were 
also determined. After 96h exposure, the surviving larvae were rinsed thoroughly in 
filtered water to prevent the pesticide remained on the larvae from affecting the AChE 
activity. Then they were introduced into 2 mL microcentrifuge tubes and snap frozen in 
liquid nitrogen. After that, they were stored at - 80 °C until analysis. 
Frozen larvae (-80°C) were homogenized in 0.5 ml ice-cold 0.1 M sodium 
phosphate buffer containing 0.1% (v/v) Triton X-100 (pH 7.5) The larvae were kept on 
ice during homogenization. The homogenates were then centrifuged at 4 °C for 15 mins 
at 10,000x g. The supernatants were transferred to 1.5 ml tubes and used directly for 
enzyme analysis. Cholinesterase activities in the homogenates were measured by the 
method stated in (Ellman et al., 1961). In the method, acetylcholine iodide was used as 
the substrate. A mixture containing DTNB and substrate was prepared by mixing 30 mL 
of 0.1 M phosphate buffer, 0.4 mL 0.075 M acetylcholine and 1 mL 0.01 M DTNB. Then 
50 uL of larval homogenate was mixed with 250 uL of the mixture prepared. This 
enzyme analysis was carried out in duplicate per larval sample. The change of optical 
density with time as a result of TNB production was recorded at 412 nm every 30 s for 3 
mins at room temperature with a microplate reader to estimate substrate hydrolysis. 
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In order to determine specific AChE activities of the zebrafish embryo-larvae, 
protein content of the enzyme extracts should be known. Thus, the protein contents of 
samples was measured by the method of Bradford (1967) adapted to microplates using 
bovine serum albumin (BSA) as standard. The protein content was measured at 595 nm 
with the microplate reader. The protein determination was carried out in duplicate per 
sample. The specific enzyme activity was expressed as |xmole hydro ly zed 
substrate/min/mg protein. 
3.2.9 Statistical analysis 
The effects of pesticides on the biomarker gene expressions and enzyme activities 
were tested with one-way ANOVA. Turkey multiple comparison test was applied when 
one-way ANOVA indicated that the effect was significant. For the graphs showing the 
relative mRNA levels of different biomarkers, bar with the asterisk indicates significant 
difference from the control. (P < 0.05) and bars with different letters are significantly 
different from each other (P < 0.05). 
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3.3 Results 
3.3.1 Toxicities of chlorpyrifos 
The hatching rate of zebrafish embryos decreased with increasing concentration 
after 96h exposure to chlorpyrifos. Mortality of larvae increased with increasing 
concentration after 96h exposure to chlorpyrifos (Figure 25). The 96h-EC50 values of 
chlorpyrifos for zebrafish embryos and 96h-LC50 values of chlorpyrifos for larvae were 
9.62 mg/L and 3.05 mg/L respectively (Table 17-18). 
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Table 17 The 96h-EC50 (hatching) values of chlorpyrifos for zebrafish embryos 
determined in this study 




Confidence Limit (uM) 
Lower Upper Lower Upper 
Chlorpyrifos 9.623 7.373 10.625 27.448 21.030 30.306 
Table 18 The 96h-LC50 values of chlorpyrifos for zebrafish larvae determined in this 
study 




Confidence Limit (uM) 
Lower Upper Lower Upper 
Chlorpyrifos 3.054 2.307 3.75 8.711 6.580 10.696 
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Chlorpyr i fos concentrat ion (mg/L) 
Figure 25 Hatching rate (%) of zebrafish embryos and mortality rate (%) of larvae at 
different chlorpyrifos concentrations after 96h exposure with the fitted sigmoidal dose 
response curve. Data are shown as means with standard deviation (±SD). (N = 3) 
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3.3.2 Effects of chlorpyrifos on CAT and GST gene expression levels 
The effects of OP pesticide chlorpyrifos on CAT and GST mRNA of zebrafish 
embryos and larvae were shown in Figure 26. Expsoure to chlorpyrifos increased catalase 
mRNA in both embryos and larvae with a significant 3.6-fold increase in larvae at 2.29 
mg/L. A 6.6-fold increase in GST mRNA was observed at 7.22 mg/L in embryos, but the 
induction was not significantly different from the control. In larvae, there was a 
progressive increase in GST mRNA, with a 2.3-fold increase at the highest concentration. 
The No Observable Effect Concentration (NOEC) of chlorpyrifos for CAT induction in 
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Figure 26 Relative fold induction of CAT and GST mRNA levels in zebafish embryo-
larvae at different concentrations of chlorpyrifos after a 4-day exposure. Data are shown 
as means with standard deviation (士SD). Bar with the asterisk indicates significant 
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3.3.3 Effects of chlorpyrifos on acetylcholinesterase (AChE) activity 
Figure 27 shows the specific AChE activity in zebafish embryo-larvae exposed to 
different concentrations of chlorpyrifos after 96h exposure. The activities were inhibited 
significantly in a dose-dependent manner in both embryos and larvae. AChE activity was 
significantly reduced at 4.81 mg/L and 4.81 mg/L in embryos and significant inhibitions 
occurred at all chlorpyrifos concentrations in larvae. 
The effects of chlorpyrifos on percentage of AChE inhibition are shown in Figure 
28. The maximum percentage of AChE inhibition for embryos and larvae were 43% and 
70% of the control respectively. The 96h-IC50 of chlorpyrifos for larvae was 0.62 mg/L 





Chlorpyr i fos concentrat ion (mg/L) 
Figure 27 Specific acetylcholinesterase (AChE) activity in zebafish embryo-larvae 
exposed to different concentrations of chlorpyrifos after 96h exposure. Data are shown as 
means with standard deviation (士SD). Bar with the asterisk indicates significant 
difference from the control. Bars with a different letter are significantly different from 
each other (One-way ANOVA, P < 0.05) (N = 5). 
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Figure 28 Percentage of inhibition of acetylcholinesterase (AChE) activity in zebafish 
embryo-larvae exposed to different concentrations of chlorpyrifos after 96h exposure. 
Data are shown as means with standard deviation (±SD) (N = 5). 
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3.4.1 Toxicity of chlorpyrifos 
The objectives of acute toxicity tests are to quantitatively identify acute adverse 
effects, using mortality or hatching rate. For fish, hazard assessments of chemicals use 
international standards (ISO) and guidelines (OECD) based on global toxicity endpoints. 
OECD guidelines are based on the study of developmental life stages, such as embryo 
and pro-larvae, and the toxic effects of chemical can be assessed through the analysis of 
various lethal and sub-lethal endpoints, including mortality, hatching (rate and time) and 
pro-larval morphology (length, weight and abnormality) (OECD, 1998). In the present 
study, we selected mortality and hatching rate as the toxicological endpoints to study the 
effects of chlorpyrifos on zebrafish embryo-larvae. 
Survival of zebrafish was significantly reduced by the high dose of chlorpyrifos 
(100 )xg/L) during the study from 20-38 weeks of age (Levin et al., 2003). In this study, 
the 96h-EC50 values of chlorpyrifos for zebrafish embryos was 9.62 mg/L and its 96h-
LC50 values for zebrafish larvae was 3.05 mg/L. 
3.4.2 Effect of chlorpyrifos on CAT and GST gene expressions 
Many compounds like pesticides may cause oxidative stress, which lead to the 
generation of reactive oxygen species (ROS) and depletion of antioxidants or free oxygen 
radicals scavenging enzyme systems in aquatic organisms (Livingstone, 2001). It has 
been reported that OP not only caused inhibitory effects on AChE but also induced 
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oxidative stress (Hai et al., 1997; Yarsan et al., 1999). It was reported that fenthion and 
chlorpyrifos induced DNA damage and elevated reactive oxygen species in brain and 
liver of rats exposed to these pesticides (Bagchi et al.’ 1995) 
The present study demonstrated oxidative stress from chlorpyrifos in zebrafish. 
Chlorpyrifos increased catalase mRNA in both embryos and larvae with a significant 3.6-
fold increase in larvae at 2.29 mg/L. A similar significant increase in the CAT activity in 
the tissue of adult catfish was reported upon treatment with the OP-pesticide, Dichlorvos 
(Hai et al., 1997). Increases in CAT activities can be a response towards ROS generation 
by the pesticide (John et al” 2001). Thus, the increased CAT mRNA levels induced by 
chlorpyrifos in zebrafish may indicate an elevated antioxidant status attempting to 
neutralize the effects of the ROS. The No Observable Effect Concentration (NOEC) of 
chlorpyrifos for CAT induction in larvae was determined as 1.53 mg/L while its Lowest 
Observable Effect Concentration (LOEC) was 2.29 mg/L. 
GST has been reported as a biomarker for assessing the environmental impact of 
xenobiotics leading to oxidative stress (Livingstone, 1998). GST activity is involved in 
xenobiotic detoxification and excretion of xenobiotics and their metabolites (Jokanovic, 
2001). GSTs also protect tissue from oxidative stress (Fournier et al., 1992). A 6.6-fold 
increase in GST mRNA was observed at 7.22 mg/L in embryos. Increased pi-class GST 
mRNA in embryos may indicate the development of a defensive mechanism to counteract 
the effects of chlorpyrifos and may reflect the possibility of a more efficient protection 
against pesticide toxicity. 
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3.4.3 Effect of chlorpyrifos on AChE activity 
AChE inhibition is widely regarded as a specific biomarker of exposure to both 
organophosphate (OPs) and carbamate insecticides (Fulton and Key, 2001). Chlorpyrifos 
is a potent AChE inhibitor and causes developmental neurotoxicity in zebrafish (Levin et 
al.，2004). Previous assays in mosquitofish muscle reported that chlorpyrifos caused a 
significant inhibition of brain ChE activity after 96h exposure to concentrations equal or 
higher than 6 |Lig/L and 50 |xg/L (Rendon-von Osten et al., 2005). AChE activity in brain 
and muscle of juvenile chinook salmon was significantly reduced to 15% and 8% of 
control, respectively after exposure to 7.3 (xg/L chlorpyrifos (Eder et al., 2004). 
In the present study, the AChE activities were inhibited significantly in both 
embryos and larvae after chlorpyrifos exposure. The inhibition by chlorpyrifos involves 
CYP-mediated OP metabolism in which the chlorpyrifos is converted by CYP to the 
active oxon form, which inhibits esterase (Wheelock et al., 2005). Our results indicated 
significant AChE inhibitions in both embryos and larvae. Young stages of fish may 
possess lower level of enzymes like carboxylesterases for detoxification of anti-
cholinesterase compounds, such as OP pesticides. Low levels of carboxylesterases could 
potentially enhance the in vivo AChE inhibition by OP pesticides (Li and Fan, 1997). 
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3.5 Conclusions 
The present study contributes to the knowledge of the sensitivity of zebrafish 
embryo-larvae towards OP pesticide chlorpyrifos and the effects of this OP pesticide on 
the gene expression of antioxidant enzymes and acetylcholinesterase activity. The 
inductions of antioxidant enzymes demonstrates that chlorpyrifos has an oxidative-stress-
inducting potential in zebrafish. Chlorpyrifos inhibited AChE activities significantly in 
embryos and larvae after chlorpyrifos exposure. By studying the oxidative and neurotoxic 
effects caused by pesticide in fish, we could predict the ecotoxicological consequences of 
pesticides use in the environment. 
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Chapter 4 
Toxicity assay and biomarker studies on zebraflsh embryo-
larvae exposed to carbamate and pyrethroid pesticides 
4.1 Introduction 
The uses of organochlorine and organophosphate pesticides have been associated 
with many ecological hazards. Carbamate and pyrethroid insecticides, possessing lesser 
degrees of toxicity and persistence, were subsequently developed and emerged as 
substitutes. One of the carbamates that found wide acceptability is aldicarb. It is a 
systemic insecticide used against aphids, mites, wireworms in different crops such as 
citrus. Its oral LD50 in rats is 1 mg /kg (Yu, 2008). Few studies have been carried out to 
examine the effects of aldicarb, in fish (Perkins and Schlenk, 2000). For the synthetic 
pyrethroids, they are less persistent and toxic to birds and mammals. Unlike most 
animals, fish are reported to be deficient in enzymes that hydrolze pyrethroids (Haya, 
1989). Pyrethroid insecticides show their toxic effects by inhibiting impulse transmission 
(Casida et al., 1983). Cypermethrin is one of the most toxic pyrethroid insecticides that is 
widely used to protect cotton fields against harmful species of Lepidoptera (Croft, 1990). 
Many studies associated with cypermethrin deal with its acute toxicity rather than its 
biochemical effects (Reddy and Yellamma, 1991) and thus it is necessary to study its 
sub-lethal effects like oxidative stress in addition to its acute toxicity. 
Catalase (CAT), which is important in catalyzing the reduction of hydrogen 
perioxide to molecular oxygen and water, has been well studied in fish (Winston and Di, 
1991). An emzyme that contribuites to the detoxification of ROS is Glutathione S-
transferase (GST). GST is a multigene family of detoxification enzymes that catalyze the 
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conjugation of GSH with different endogenous and exogenous electrophiiic compounds 
(Hayes and Pulford, 1995). GST can be used as a biomarker for assessing the 
environmental impact of organic xenobiotics which can cause oxidative stress 
(Livingstone, 1998). 
The aim of this study is to study the effects of aldicarb and cypermethrin on 
zebrafish embryo-larvae and measure the oxidative stress biomarkers, CAT and GST. In 
addition, the neurotoxicity of aldicarb was studied by measuring its effects on AChE 
activity. This study also aims to determine the No Observable Effect Concentration 
(NOEC) and Lowest Observable Effect Concentration (LOEC) of aldicarb and 
cypermethrin on the zebrafish emryo-larvae system. 
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4.2 Materials and methods 
4.2.1 Chemicals tested 
Aldicarb (CAS 116-06-3) and cypermethrin (CAS 52315-07-8) from Sigma-
Aldrich were used. 
4.2.2 Zebrafish cultivation and egg production 
A breeding stock of non-treated, mature zebrafish was used for egg production. 
The details of keeping the fish and collecting embryos was described in the previous 
chapter 2.2.2. 
4.2.3 Determination of the 96h-EC50 and 96h-LC50 of aldicarb and cypermethrin 
for zebrafish embryos and larvae 
The 96h median Effective Concentration EC50 (hatching) and 96h median Lethal 
Concentration LC50 values were determined according to the methods described in 2.2.3. 
4.2.4 Pesticide exposure for determination of mRNA levels of biomarkers 
Freshly fertilized embryos and 96 h post-fertilization larvae were exposed to 10%, 
25%, 50% and 75% of the EC50 and LC50 values respectively. The nominal aldicarb and 
cypermethrin concentrations were tabulated in Table 19 for embryo exposure and in 
Table 20 for larvae exposure. Besides, a solvent control which contains the corresponding 
solvent and filtered water was used for each exposure experiment. 
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Concentration tested (% of 96h-EC50) 
(mg/L) 
10% 25% 50% 75% 
Carbamate 
pesticide Aldicarb 7.663 0.77 1.92 3.83 5.75 
Pyrethroid 
pesticide 
Cypermethrin 0.664 0.07 0.17 0.33 0.50 






Concentration tested (% of 96h-LC50) 
(mg/L) 
10% 25% 50% 75% 
Carbamate 
pesticide 
Aldicarb 2.332 0.23 0.58 1.17 1.75 
Pyrethroid 
pesticide 
Cypermethrin 0.151 0.02 0.04 0.08 0.11 
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4.2.5 Quantification of biomarker gene expression levels in zebraflsh embryo-larvae 
and Determination of acetylcholinesterase (AChE) activity 
The methods used for extraction of total RNA from the exposed embryo-larvae 
samples, reverse transcription, validation of qPCR and quantification of biomarker gene 
expression levels in zebrafish embryo-larvae are according to the details described in 
previous chapter (sections 2.2.5 - 2.2.7). And the collection of samples for AChE assay 
and determination of acetylcholinesterase (AChE) activities were described in the 
previous chapter (sections 3.2.8 and 3.2.9). 
4.2.6 Statistical analysis 
The effects of pesticides on the biomarker gene expressions and enzyme activities 
were tested with one-way ANOVA. Turkey multiple comparison test was applied when 
one-way ANOVA indicated that the effect was significant. For the graphs showing the 
relative mRNA levels of different biomarkers, bar with the asterisk indicates significant 
difference from the control. (P < 0.05) and bars with different letters are significantly 
different from each other (P < 0.05). 
94 
4.3 Results 
4.3.1 Toxicities of aldicarb and cypermethrin 
The hatching rate of zebrafish embryos decreased with increasing concentration 
after 96h exposure to aldicarb and cypermethrin (Figure 29). For larvae, the number of 
death increased when the concentration increased after 96h exposure to aldicarb and 
cypermethrin (Figure 30). It indicated that mortality of larvae increased with increasing 
concentration. 
The 96h-EC50 values of aldicarb and cypermethrin for zebrafish embryos were 
7.66 mg/L and 0.66 mg/L respectively (Table 21). The 96h-EC50 value of cypermethrin 
was much smaller than that of aldicarb and thus cypermethrin was more toxic than 
aldicarb for embryos. And the 96h-LC50 values of aldicarb and cypermethrin for 
zebrafish larvae were 2.33 mg/L and 0.15 mg/L respectively (Table 22). Similarly, the 
96h-LC50 values of cypermethrin was smaller than that of aldicarb. It indicated that 
cypermethrin was more toxic for larvae. 
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Figure 29 Hatching rate (%) of zebrafish embryos at different aldicarb and cypermethrin 
concentrations after 96h exposure. Data are shown as means with standard deviation 
(士SD) (N = 3). 
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Figure 30 Mortality rate (%) of zebrafish larvae at different aldicarb and cypermethrin 
concentrations after 96h exposure. Data are shown as means with standard deviation 
(±SD) (N = 3). 
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Table 21 The 96h-EC50 values of aldicarb and cypermethrin for zebrafish embryos 




Confidence Limit (uM) 
Lower Upper Lower Upper 
Aldicarb 7.663 7.373 10.625 40.274 38.750 55.842 
Cypermethrin 0.664 0.448 0.797 1.595 1.076 1.914 







Confidence Limit (uM) 
Lower Upper Lower Upper 
Aldicarb 2.332 1.782 2.906 12.256 9.366 15.273 
Cypermethrin 0.151 0.127 0.176 0.363 0.305 0.423 
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4.3.2 Effects of aldicarb and cypermethrin on CAT and GST mRNA expression 
levels 
The effects of aldicarb and cypermethrin on CAT and GST mRNA of zebrafish 
embryos and larvae are shown in Figure 31 and 32. Exposure to aldicarb did not affect 
the CAT and GST mRNA in embryos, but caused significant suppression of CAT and 
GST transcripts in larvae (Figure 31). Exposure to aldicarb significantly reduced CAT 
significantly reduced at, 0.58 mg/L, 1.17 mg/L and 1.75 mg/L was 0.46-fold, 0.32-fold 
and 0.49-fold, respectively in larvae. Similarly, in larvae, GST mRNA significantly 
decreased 0.38-fold at 0.23 mg/L, 0.39-fold at 0.58 mg/L, 0.27-fold at 1.17 mg/L and 
0.34-fold at 1.75 mg/L, respectively. The No Observable Effect Concentration (NOEC) 
of aldicarb for CAT induction in larvae was 0.23 mg/L while its Lowest Observable 
Effect Concentration (LOEC) was 0.58 mg/L. 
Figure 32 shows the effects of the pyrethroid pesticide cypermethrin on CAT and 
GST mRNA levels. Cypermethrin progressively increased the CAT mRNA and 2.4-fold 
for embryos and'6.1-fold for larvae at 0.50 mg/L and 0.11 mg/L respectively. No changes 
in GST mRNA in larvae were detected, whereas there were 2.5-fold to 2.8-fold increases 
in the GST mRNA in embryos. The No Observable Effect Concentration (NOEC) values 
of cypermethrin for CAT induction in embryos and larvae were 0.33 mg/L and 0.08 mg/L, 
respectively. The corresponding Lowest Observable Effect Concentration (LOEC) values 
were 0.50 mg/L and 0.11 mg/L., respectively. 
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Figure 31 Relative fold induction of CAT and GST mRNA levels in zebafish embryo-
larvae exposed to different concentrations of aldicarb for a 4-day exposure. Data are 
shown as means with standard deviation (士SD). Bar with the asterisk indicates significant 
difference from the control. Bars with a different letter are significantly different from 












B 2 5 % 
_ 5 0 % 
磁 7 5 % 
• 0% 
因 1 0 % 
B 2 5 % 
_ 5 0 % 
m 7 5 % 
u o u o n t ^ u 一
 u o ! 和 u n F D U !







政 1 0 % 
B 2 5 % 
m 50% 
m 75% 
Figure 32 Relative fold induction of CAT and GST mRNA levels in zebafish embryo-
larvae exposed to different concentrations of cypermethrin for 4-days. Data are shown as 
means with standard deviation (士SD). Bar with the asterisk indicates significant 
difference from the control. Bars with a different letter are significantly different from 
each other (One-way ANOVA, P < 0.05) (N = 5). 
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4.3.3 Effects of aldicarb on acetylcholinesterase (AChE) activity 
Aldicarb significantly inhibited acetylcholinesterase activity. Figure 33 shows the 
specific acetylcholinesterase (AChE) activity in zebafish embryo-larvae exposed to 
different concentrations of aldicarb after 96h exposure. The AChE activities were 
significantly inhibited at all aldicarb concentrations used in the experiments with 
embryos even at the lowest dose used. The activities decreased in a dose-dependent 
manner in larvae. 
The effects of aldicarb on the percentage inhibition of AChE inhibition are 
activity were shown in Figure 34. The maximum percentage of AChE inhibitions for 
embryos and larvae were 90% and 85% of the control, respectively. The 96h-IC50 for 
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Figure 33 Specific acetylcholinesterase (AChE) activity in zebafish embryo-larvae 
exposed to different concentrations of aldicarb for 4 days. Data are shown as means with 
standard deviation (±SD). Bar with the asterisk indicates significant difference from the 
control. Bars with a different letter are significantly different from each other. (One-way 
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Figure 34 Percentage of inhibition of acetylcholinesterase (AChE) activity in zebafish 
embryo-larvae exposed to different concentrations of aldicarb after 96h exposure. Data 
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4.4 Discussion 
4.4.1 Toxicity of aldicarb of cypermethrin 
The objectives of acute toxicity tests are to quantitatively identify acute adverse 
effects, using mortality or hatching rate. For fish, hazard assessments of chemicals use 
international standards (ISO) and guidelines (OECD) based on global toxicity endpoints. 
OECD guidelines are based on the study of developmental life stages, such as embryo 
and pro-larvae, and the toxic effects of chemical can be assessed through the analysis of 
various lethal and sub-lethal endpoints, including mortality, hatching (rate and time) and 
pro-larval morphology (length, weight and abnormality) (OECD, 1998). 
Previous studies showed that cypermethrin is very toxic to aquatic invertebrates 
with LC50s in the range of 0.01 - 5ijg/L and fish with 96h-LC50s generally within the 
range of 0.4 - 2.8 i^g/l (Sarkar et al., 2005; Sthephanson, 1982). Aldicarb is moderately 
toxic to fish. The 96h-LC50 of aldicarb in rainbow trout is 8.8 mg/L and that in bluegill 
sunfish is 1.5 mg/L (Kidd and James, 1991) In present study, the 96h-EC50 values of 
aldicarb and cypermethrin for zebrafish embryos were 7.66 mg/L and 0.66 mg/L, 
respectively. The corresponding 96h-LC50 values for zebrafish larvae were 2.33 mg/L 
and 0.15 mg/L, respectively. 
4.4.2 Effect of aldicarb and cypermethrin on CAT and GST mRNA 
Some pesticides may cause oxidative stress, which can occur by the generation of 
reactive oxygen species (ROS) and diminishment of antioxidants or free oxygen radicals 
scavenging enzyme systems in aquatic organisms (Livingstone, 2001). Catalase (CAT), 
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which is important in catalyzing the reduction of hydrogen perioxide to molecular oxygen 
and water, has been well studied in fish (Winston and Di, 1991). In the present study, 
exposure to aldicarb significantly suppressed the CAT mRNA in larvae. No information 
related to the effects of aldicarb on CAT mRNA is available for fish. The reduction of the 
CAT mRNA was likely due to general toxicity caused by aldicarb. In mice treated with 
aldicarb, the CAT activities were reduced after the administration of aldicarb (Yarsan et 
al” 1999). 
Cypermethrin caused significant 2.4-fold and 6.1-fold increases in CAT 
expression for embryos and larvae, respectively. Similarly, CAT activities in the liver of 
tilapia and common carp exposed to cypermethrin were increased significantly (Uner et 
aL, 2001). Another study also showed that there was an increase in the hepatic CAT 
activity of channel fish when under oxidative stress (Ames, 1983). Therefore, the 
increase in CAT mRNA in this study indicates that cypermethrin may induce oxidative 
stress to the zebrafish embryos and larvae. The No Observable Effect Concentration 
(NOEC) values of aldicarb and cypermethrin for CAT induction in larvae were 
determined as 0.23 mg/L and 0.08 mg/L while their Lowest Observable Effect 
Concentration (LOEC) values were 0.58 mg/L and 0.11 mg/L, respectively. 
Cypermethrin had higher potential to cause oxidative stress to larvae than other tested 
pesticides. 
GST has been reported as a biomarker for assessing the environmental impact of 
xenobiotics leading to oxidative stress (Livingstone, 1998). Antioxidant enzymes like 
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GST behave as a defense mechanism against xenobiotics-induced oxidative stress. It is 
known that GST works together with GPx to prevent lipid peroxidation in fish (Steadman 
et al., 1991). In addition, GSTs are involved in xenobiotic detoxification and excretion of 
xenobiotics and their metabolites (Jokanovic, 2001). In this study, there were 2.5-fold to 
2.8-fold increases in GST mRNA in embryos after exposure to cypermethrin. Previous 
studies demonstrated a significant increase (p < 0.01) in the activities of GST in liver and 
kidney of adult Channa punctatus treated with another pyrethroid pesticide, deltamethrin 
(Sayeed et al., 2003). Thus, the increased GST activity in zebrafish embryos may be a 
defensive mechanism to counteract the oxidative effects of cypermethrin. 
4.4.3 Effect of aldicarb on AChE activity 
Acetylcholinesterase (AChE) inhibition is widely regarded as a specific 
biomarker of exposure to both organophosphate (OPs) and carbamate insecticides 
(Walker, 2001).The mode of action of carbamate is the inhibition of cholinesterase. The 
carbamate affects the neurotransmission in a similar way to the OP pesticide except the 
carbamate pesticides carbamylate AChE whereas the OP pesticides phosphorylate the 
enzyme. The inhibition due to carbamate is reversible and only of short duration. 
Similar to OP pesticide chlorpyrifos, aldicarb also affects acetylcholinesterase 
activity. AChE activities were significantly inhibited at all of aldicarb concentrations in 
both embryos and larvae. And the maximum percentage of AChE inhibitions for embryos 
and larvae were 90% and 85% of the control respectively. The 96h-IC50 for embryos was 
0.42 mg/L and that for the larvae was 0.38 mg/L. Our results were consistent with the 
inhibition (a maximum of 90% inhibition at a concentration of 9 ^M) of cholinesterase 
by aldicarb in zebrafish embryos after 48h exposure (Kuster, 2007). 
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4.5 Conclusion 
Cypermethrin is highly toxic to zebrafish embryo-larvae and thus its potential 
hazard on aquatic ecosystems should not be overlooked. Increase in mRNA of 
antioxidant enzymes indicated that zebrafish embryos and larvae may have experienced 
oxidative stress after cypermethrin exposure. In addition, the significant AChE inhibition 
by aldicarb in both embryos and larvae demonstrates its neurotoxicity to zebrafish 
embryo-larvae. Study of pesticide-induced oxidative stress and their neurotoxic effects on 




Heavy uses of pesticides in the environment increase the public's concern over 
their potential hazards. There is need for carrying out toxicity tests to determine the 
toxicities and harmful effects caused by the pesticides. To assess the risk of a pesticide, 
Lowest Observed Effect Concentration (LOEC) and No Observed Effect Concentration 
(NOEC) should be determined. Although pestcides have shown to. cause toxic effects on 
animals or humans, people find that the benefits of using pesticides outweigh the risk 
caused by pesticides. Thus, pesticides are still applied continuously and substantially to 
the environment around the world. These chemicals enter the aquatic environment, rivers 
and coastal areas, through surface runoff. They can adversely affect the aquatic 
organisms, especially fish. Therefore, it is essential to determine NOEC and LOEC 
values in order to facilitate the regulation of the levels of pesticides in the natural 
environment. 
5.1 Toxicities of pesticides 
In this study, we selected mortality and hatching rate as the toxicological 
endpoints to study the effects of pesticides on zebrafish embryo-larvae. Table 23 shows 
the 96h-EC50 values of heptachlor, methoxychlor, endosulfan, chlorpyrifos, aldicarb, 
cypermethrin and bisphenol-A for zebrafish embryos were 5.90 mg/L, 1.66 mg/L, 5.11 
mg/L, 9.62 mg/L, 7.66 mg/L, 0.66 mg/L and 5.25 mg/L respectively while their 
corresponding 96h-LC50 values for zebrafish larvae were 1.74 mg/L, 1.59 mg/L, 0.24 
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mg/L, 3.05 mg/L, 2.33 mg/L, 0.15 mg/L and 8.04 mg/L respectively (Table 24). Since 
cypermethrin had the lowest 96-EC50 and 96h-LC50 values, both embryos and larvae 
were most sensitive to cypermethrin among the tested chemicals. In other words, we can 
conclude that cypermethrin is highly toxic to zebrafish embryo-larvae and thus its 
potential hazard on aquatic ecosystems should not be overlooked. Table 25 shows the 
LC50 values of pesticides for zebrafish found in this study and those for different types 
of fish found in other studies. In other toxicological researches, cypermethrin, heptachlor 
and endosulfan were shown to be highly toxic with LC50 ranged from 1.6 to 23 ug/L 
while methoxychlor, chlorpyrifos, aldicarb and bisphenol-A were shown to be 
moderately toxic with LC50 ranged from 0.04 to 16 mg/L. Generally, our results for 
zebrafish larvae are consistent with these findings. 
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Table 23 The 96h-EC50 values of tested pesticides and bisphenol-A for zebrafish 
embryos 
Name EC50 (mg/L) 
95% Confidence Limit 
(mg/L) EC50 (uM) 
95% Confidence Limit 
(uM) 
Lower Upper Lower Upper 
Heptachlor 5.904 4.101 8.651 15.815 10.985 23.173 
Methoxychlor 1.662 0.9475 2.378 4.808 2.741 6.880 
Endosulfan 5.105 4.332 5.878 12.545 10.646 14.445 
Bisphenol A 5.246 2.982 5.819 22.980 • 13.062 25.490 
Chlorpyrifos 9.623 7.373 10.625 27.448 21.030 30.306 
Aldicarb 7.663 7.373 10.625 40.274 38.750 55.842 
Cypermethrin 0.664 0.448 0.797 1.595 1.076 1.914 





95 % Confidence 
Limit (mg/L) LC50 
(uM) 
95% Confidence Limit 
(uM) 
Lower Upper Lower Upper 
Heptachlor 1.738 1.493 2.104 4.656 3.999 5.636 
Methoxychlor 1.586 1.455 1.685 4.588 4.209 4.875 
Endosulfan 0.238 0.152 0.356 0.585 0.374 0.875 
Bisphenol A 8.041 7.846 8.24 35.223 34.369 36.094 
Chlorpyrifos 3.054 2.307 3.75 8.711 6.580 10.696 
Aldicarb 2.332 1.782 2.906 12.256 9.366 15.273 
Cypermethrin 0.151 0.127 0.176 0.363 0.305 0.423 
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Table 25 LC50 values determined in this study and reported from other studies 
Chemical Fish LC50 References 
Endosulfan 
Zebrafish {Brachydanio rerio) 1.6 |ig /L (24h) 
(Jonsson and 
Toledo, 1993) Yellow tetra 
{Hyphessohiycon bifascialus) 2.6 i^g /L (24h) 
Zebrafish {Danio rerio) larvae 0.24 mg /L (96h) Present study 
Methoxychlor 
Adult male zebrafish {Danio rerio) 0.04 mg /L (96h) (Versonnen et al., 
2004) Adult female zebrafish 
{Danio rerio) 0.13mg/L(96h) 
Zebrafish {Danio rerio) larvae 1.59 mg /L (96h) Present study 
Heptachlor 
Fathead minnow 
(Pimephales promelas) 23 \ig /L (96h) 
(Johnson et al., 
1980) 
Zebrafish {Danio rerio) larvae 1.74 mg /L (96h) Present study 
Bisphenol-A 
Zebrafish {Danio rerio) embryos 16.75 mg/L (24h) (Duan et al., 2008) 
Zebrafish {Danio rerio) larvae 8.04 mg /L (96h) Present study 
Chlorpyrifos 
Goldfish {Carassius auratus) 0.81 mg/L (96h) (USEPA, 1986) 
Zebrafish {Danio rerio) larvae 3.05 mg /L (96h) Present study 
Aldicarb 
Rainbow trout 
{Oncorhynchus mykiss) 8.8 mg/L (96h) (Kidd and James, 
1991) Bluegill sunfish 
(Lepomis macrochirus) 1.5 mg/L (96h) 




{Oncorhynchus mykiss) 8.2 ^g /L (96h) 
(Atamanalp et 
al.,2002) 
Zebrafish {Danio rerio) larvae 0.15mg/L(96h) Present study 
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5.2 Effects of OC pesticides on biomarker gene expressions 
In this study, heptachlor, methoxychlor and endosulfan did not induce CYPIA 
mRNA at any of the pesticide concentrations. One of the possible explanations is that 
these pesticides do not bear the structural configuration required for AhR ligands. Similar 
results were obtained in other organisms, like mammals. It was reported that 
methoxychlor did not induce CYPIA mRNA in rats (Li and Kupfer, 1998). 
MXC has been classified as pro-estrogen and demethylation of the methoxy 
groups is required for its activation. The demethylation of MXC was shown to be 
catalyzed by CYPl and CYP3A enzymes in channel catfish (Stuchal et al” 2006). In 
present study, the CYP3A65 mRNA was significantly increased in both embryos and 
larvae after 96h exposure to MXC. It suggests that CYP3A65 may be involved in the 
biotransformation of MXC to its more estrogenic metabolites in zebrafish. It has a good 
agreement with the previous study in which the mRNA expression of CYP3A68 was 
increased by all MXC treatments in the liver of largemouth bass after 24h exposure 
(Blum et al., 2008). 
Endosulfan was shown to be metabolized to a single metabolite, endosulfan 
sulfate, in human liver microsomes, and its metabolism is primary mediated by CYP2B6 
and CYP3A4 (Casabar et al., 2006). In the present study, endosulfan significantly 
increased CYP3A65 mRNA levels by 4.2-fold in embryos. Previous work indicated that 
endosulfan was a potent inducer of CYP3A1 mRNA in rat and increased the CYP3A7 
transcript level in Hep G2 human hepatoma cells. However, endosulfan and heptachlor 
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significantly reduced the CYP3A level in zebrafish larvae. Since the mechanism of 
induction of CYP3A in fish by xenobiotics like OC pesticides is still not clear, further 
study is needed to elucidate the underlying mechanism responsible for these effects on 
CYP3A expression. 
Vitellogenin (VTG) has been widely used as a biomarker for exposure to 
estrogens and xenoestrogens (Sumpter and Jobling, 1995).The natural ligand of ER is 
estradiol-17(3 (E2). However, VTG can also be synthesized in the hepatocytes in response 
to the activation of estrogen receptor by an estrogenic compound, such as endosulfan and 
BPA (Mommsen and Walsh, 1998). In the present study, endosulfan, methoxychlor, 
heptachlor and bisphenol-A significantly increased the VTGl production in zebrafish 
embryo-larvae. These findings indicate that these pesticides are estrogenic to zebrafish 
and VTGl induction in immature fish is a sensitive biomarker to screen and study the 
estrogenicity of potential xenoestrogens. 
The Multiple drug resistance gene (MDRl) is the gene which encodes P-
glycoprotein (Synold et al., 2001). They are extremely important in regulating a wide 
range of xenobiotics including pesticides. In this study, endosulfan, methoxychlor and 
BPA significantly suppressed the MDRl mRNA in zebrafish larvae. Our results support 
the previous study that endosulfan has the ability to inhibit expression of P-glycoprotein 
which is encoded by the MDR gene. In contrast, heptachlor significantly induced MDRl 
expression in larvae. It suggests that heptachlor and the other two OC pesticides may 
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function via different mechanisms on MDRl gene expression. Further study is needed to 
understand the regulation of MDRl by different OC pesticides. 
Table 26 Summary of the effects of pesticides on CYPIA, CYP3A65，VTGl and 
MDRl mRNA levels 
Compound Life stage CYPIA CYP3A65 VTGl MDRl 
Methoxychlor embryos N T* I* i 
larvae N T* 1* i* 
Endosulfan embryos N t* T* i 
larvae N i* T i* 
Heptachlor embryos N N I* N 
larvae N i* T* r 
Bisphenol A embryos N T* I* N 
larvae N T T i* 
N: No effect, t : Up regulation, \ : Down regulation, * significant different from the 
control (P<0.05) 
To conclude, heptachlor, endosulfan, methoxychlor and BPA significantly 
increased the mRNA levels of VTGl in embryo-larvae, indicating that these pesticides 
are estrogenic to zebrafish and VTGl induction in immature zebrafish is a sensitive 
biomarker to screen and study the estrogenicity of potential xenoestrogens. Alterations in 
CYP3A65 and MDRl mRNA zebrafish embryo-larvae varied from one OC pesticide to 
another. Further studies will be needed to understand the underlying mechanism of 
induction of these genes. 
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5.3 Effects of chlorpyrifos, aldicarb and cypermetrhin on biomarker mRNA 
The present study demonstrated the oxidative-stress-induce potential of 
chlorpyrifos and cypermethrin in zebrafish. Chlorpyrifos and cypermethrin significantly 
increased catalase mRNA in both embryos and larvae. Increases in CAT activities have 
been observed by ROS generation by pesticide (John et al, 2001). Thus, the increased 
CAT mRNA induced by chlorpyrifos and cypermethrin in zebrafish may indicate an 
elevated antioxidant status attempting to neutralize the effects of the ROS caused by 
these pesticides. However, exposure to aldicarb significantly suppressed CAT mRNA in 
larvae. The reduction was likely due to general toxicity caused by aldicarb. 
GST has been reported as a biomarker for assessing the environmental impact of 
xenobiotics leading to oxidative stress (Livingstone, 1998). GST activity is involved in 
xenobiotic detoxification and excretion of xenobiotics and their metabolites (Jokanovic, 
2001). Increases in GST mRNA were observed in embryos after exposure to chlorpyrifos 
and cypermethrin. This increased GST gene expression in embryos might indicate the 
development of a defensive mechanism to counteract the effects of chlorpyrifos and 
cypermethrin. 
5.4 Effect of chlorpyrifos and aldicarb on AChE activity 
Acetylcholinesterase (AChE) inhibition is widely regarded as a specific 
biomarker of exposure to both organophosphate (OPs) and carbamate insecticides (Fulton 
and Key, 2001). In this study, the AChE activities were inhibited significantly in both 
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embryos and larvae after chlorpyrifos exposure. The inhibition by chlorpyrifos involves 
CYP-mediated OP metabolism in which the chlorpyrifos is converted to the active oxon 
form, which inhibits esterases (Wheelock et al” 2005). Similar to OP pesticide 
chlorpyrifos, aldicarb also affected the acetylcholinesterase activity. The AChE activities 
were significantly inhibited at all of aldicarb concentrations in both embryos and larvae. 
The 96h-IC50 of chlorpyrifos and aldicarb for larvae were 0.62 mg/L and 0.38 mg/L, 
respectively. Since the IC50 value of aldicarb was smaller, aldicarb was more neurotoxic 
than chorpyrifos. 
Our results also demonstrated that chlorpyrifos and cypermetrhin have the 
potential to induce the biomarker gene expression of antioxidant enzymes in zebrafish. 
Chlorpyrifos and aldicarb showed their neurotoxicity as the AChE activities were 
inhibited significantly in embryos and larvae after exposure to these pesticides. Study of 
pesticide-induced oxidative stress and their neurotoxic effects on fish could provide 
useful information on ecotoxicological consequences of pesticides use. 
Table 27 Summary of the effects of pesticides on CAT and GST mRNA levels and 
AChE 
Compound Life stage CAT GST AChE 
Chlorpyrifos embryos T t i* 
larvae t* T i* 
Aldicarb embryos N N i* 
larvae i* i* i* 
Cypermethrin embryos T* T N/A 
larvae T* N N/A 
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